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EVALUATING SOIL PRODUCTIVITY AND CLIMATE CHANGE BENEFITS OF WOODY BIOCHAR SOIL 




Managing our lands to provide for today and the future requires sustainable land management practices that 
enhance productivity while reducing climate impacts. Proponents claim biochar soil amendments offer a 
comprehensive solution to enhance soil capacity to deliver water and nutrients to plants while decreasing 
climate impacts through reduced nitrous oxide (N2O) emissions from fertilizer use and carbon (C) 
sequestration. This dissertation evaluates such claims for woody biochar applications within the US Interior 
West; to enhance crop production and reduce N2O emissions in deficit irrigation agricultural systems, and to 
support forest road restoration efforts. It also employs laboratory incubations and soil biogeochemical 
modeling to predict and to better understand the controls on biochar’s greenhouse gas mitigation potential. 
The field studies demonstrate that this woody biochar improved soil moisture content but its enhanced 
capacity to retain water did not alleviate plant water stress when water inputs were low. Similarly, in forest 
soils, this woody biochar amendment improved plant available N but at levels that did not impact 
productivity. In lab incubations this woody biochar reduced N2O emissions. While this reduction could not be 
explained by bulk soil mineral N transformations, the soil moisture regime did affect biochar’s ability to 
reduce N2O emissions. Despite the observed biochar N2O emission reductions in incubated soils, under field 
conditions biochar effects on N2O emissions were inconclusive. When evaluating biochar’s C sequestration 
potential, soil biogeochemical modeling revealed that 59 percent of the biochar C applied will be sequestered 
in soils after 100 years. Losses from biochar fragmentation and leaching may constitute a considerable 
proportion of the C losses. Of the applications considered, C sequestration remains the most promising use 
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Climate change poses a major threat to the stability of both natural and argoecosystems. Curtailing 
anthropogenic impacts on Earth’s climate system requires a broad suite of technologies, with growing 
evidence that negative emissions technologies are required to stabilize climate impacts (Fuss et al., 
2014). With 24% of global emissions, the agriculture, forestry and other land use sector offers many 
opportunities to not only mitigate greenhouse gas (GHG) emissions but also sequester carbon (C) (Smith 
et al., 2014). One C sequestration practice that has received growing attention over the past two 
decades is the use of biochar soil amendments. Biochar, the solid product of pyrolyzing sustainably-
sourced feedstocks, offers a promising strategy with studies showing it can sequesters C in soils, 
improve soil fertility and reduce nitrous oxide (N2O) emissions from applying nitrogen (N) to soils 
(Lehmann et al., 2006; Sohi et al., 2010). While much of the early biochar research focused on 
identifying and confirming these claims, there is now a need to evaluate and understand their 
effectiveness in real-world applications if biochar is to be widely adopted as a sustainable land 
management practice. 
Biochar’s ability to impact soil function stems from its unique chemical and physical structure. During 
pyrolysis, the majority of the feedstock is converted to volatiles, light hydrocarbons and condensable 
organic compounds. The 10 to 40 percent of the feedstock mass remaining is largely transformed into 
aromatic C compounds with varying degrees of polymerization (Neves et al. 2011). This biochar C can be 
generally characterized by two pools; a small labile fraction and a larger recalcitrant fraction that is more 
resistant to mineralization (Wang et al., 2016). During pyrolysis, the internal porosity of the feedstock’s 
cellular structure is largely maintained, which controls biochar macro-porosity and additional micro-
porosity can develop due to chemical alterations as amorphic C compounds are converted to more 
crystalline graphene sheets (Gray et al., 2014; Lian et al. 2017). Through both this increased 
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intraporosity of the biochar itself, and increased interporosity between soil particles, due to biochar’s 
irregular shape, biochar can improve soil aeration and retain more water in soils (Liu et al., 2017). 
Biochar’s surface chemistry combined with its high surface area can also play an important role in 
controlling biochar’s polarity and hydrophobicity, which can improve biochar’s ion-exchange and water 
retention capacity (Clough et al., 2013; Gray et al., 2014). While our understanding of biochar properties 
has greatly evolved over the past decade, the practical benefits resulting from these properties must 
also be realized in land management applications.  
When considering possible applications for biochar, its impacts on soil moisture may provide an 
important benefit to agroecosystems and ecological restoration practices. Variability in precipitation 
regimes under climate change coupled with increased demands on water resources requires 
improvements in agricultural water use efficiency. Irrigation is a major consumer of water resources and 
innovative new strategies to enhance agricultural water use efficiency are required (Wada & Bierkens, 
2014). Biochar’s ability to improve soil water retention may allow for irrigation strategies that apply less 
water while maintaining or even improving productivity. Likewise, biochar may also serve an important 
role in revegetating sites with low organic matter content and capacity for water retention.  
Biochar impacts on N availability and transformation may also provide soil fertility benefits that land 
managers can utilize. Despite many innovations in agricultural practices, N fertilizer use efficiency 
remains low with up to 50 to 80 percent of the N applied to croplands lost to the environment (Sharma 
& Bali, 2018). Such N losses increase reactive N in our landscapes and further exacerbate climate change 
through emissions of N2O. Biochar has been shown to alleviate such impacts through its increased ion-
exchange capacity allowing for N retention, which may prevent leaching losses or transformation to 
gaseous N compounds. This could improve agricultural N use efficiency, allowing for decreased N 
fertilizer application and fewer losses of reactive N, and extend the efficacy of N inputs used in 
ecological restoration (Biederman & Harpole, 2013). 
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Perhaps the most established rational for biochar production and application is its ability to mitigate 
GHG emissions, primarily by sequestering C in soil. Biochar was first identified as an effective soil 
amendment due to its long-term stability and potential to sequester C in soils (Glaser et al., 2001). 
Biochar’s biochemical recalcitrance allows for increased C sequestration beyond the soil mineral 
fraction’s capacity to stabilize organic matter, giving it some of the greatest potential for long term soil C 
sequestration relative to other practices (Griscom et al., 2017). Studies also indicate biochar has great 
potential to mitigate N2O emissions coming from fertilizer use (Cayuela et al., 2015), although the 
mechanism for these effects and widespread demonstration in the field are still not fully realized. 
Despite over two decades of research on biochar stability it has yet to be widely implemented as a 
climate change solution with policymakers unsure how to manage uncertainty in estimates for biochar 
stability (Bach et al., 2016). Biochar’s ability to mitigate GHG emissions and sequester C in soil must be 
critically evaluated and, if it is a viable strategy, quantitative predictions are required to advance the 
necessary incentives for its adoption. 
When considering the full sustainability of biochar applications, one must also consider the context; 
from the sourcing of biochar feedstocks, to utilization. In the Interior West region of the United States, 
woody fuels from bark-beetle outbreaks have emerged as a sustainable feedstock that otherwise pose a 
forest fire risk (Adams, 2013). Within the region, potential biochar applications include enhancing 
agricultural resource use efficiency, restoration of degraded forest ecosystems or reclamation of acid 
mine soils. Linking potential benefits from biochar application with the cost for treatment of woody 
fuels may offer economic incentives if such biochar benefits can be achieved. 
The objective of my research is to understand how biochar’s impact on water and N influence its ability 
to enhance productivity, reduce GHG emissions and increase soil C stocks. I address this by evaluating 
biochar applications relevant to the US Interior West using a woody biochar sourced from beetle-killed 
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forests. In these applications I explore biochar’s impact on productivity and GHG mitigation with the 
following specific questions: 
1. Can biochar’s ability to improve soil water retention increase productivity in deficit irrigation 
agriculture and forest restoration efforts, and why or why not?  
2. How does biochar impact soil N availability and transformation in field applications, and how do 
such impacts on N relate to biochar’s effects on productivity or N2O emission? 
3. Does biochar reduce N2O emissions in deficit irrigation applications and what are the controls on 
biochar’s ability to mitigate N2O emissions? 
4. What is the uncertainty in biochar’s C sequestration potential and what are some of the primary 
factors controlling biochar’s ability to sequester C?  
I explore these questions using laboratory incubations, field studies and soil biogeochemical models as 




2. WOODY BIOCHAR’S GREENHOUSE GAS MITIGATION POTENTIAL ACROSS AGRICULTURAL 
SOILS, FERTILIZATION AND SOIL MOISTUE REGIMES1 
2.1. Introduction  
Applying biochar, the solid product of organic matter pyrolysis, as an amendment to agricultural soils 
can provide an integrated strategy to address waste management, bioenergy production, soil fertility 
and GHG mitigation (Lehmann, 2007). Globally, biochar amendments to soils have an estimated 
potential to provide 1 to 1.8 Pg CO2-eq in GHG emission reductions (Paustian et al., 2016). In agricultural 
applications, biochar amendments have potential to reduce GHG emissions by sequestering C in the 
biochar applied to soils (i.e., due to slower mineralization of the pyrolized biomass to CO2), increasing 
soil CH4 consumption, decreasing soil N2O emissions and improving soil fertility to decrease the yield-
scaled emissions (Brassard et al., 2016; Mandal et al., 2016; Smith, 2016). Understanding biochar’s 
impact on individual GHG fluxes across a range of agricultural soils, fertilization and soil moisture 
regimes can help target the most promising applications and identify mechanisms responsible for 
biochar’s full GHG mitigation potential in soils. 
C sequestration is one of the earliest and most widely established benefits of biochar application 
(Lehmann et al., 2006), stemming from early research on the persistence of black carbon in Terra Preta 
soils (Glaser et al., 2001). Biochar’s recalcitrant chemical structure (Paris, 2005; Spokas, 2010), ability to 
promote soil aggregation (Soinne et al., 2014) and interaction with mineral phases and soil organic 
matter (SOM) all contribute to the stabilization of biochar in soils, thus providing a C sink at the 
centuries timescale (Lehmann et al., 2007; Preston & Schmidt, 2006). Biochar application may also have 
indirect effects on native soil organic carbon (SOC), either stimulating or preventing mineralization of 
                                                          
1 Ramlow, M., Cotrufo, M.F. (2018). "Woody biochar's greenhouse gas mitigation potential across fertilized and 
unfertilized agricultural soils and soil moisture regimes". GCB Bioenergy, 10, 108-122.  
© 2017 Ramlow M & Cotrufo MF. Global Change Biology Bioenergy Published by John Wiley & Sons Ltd 
This is an open access article under the terms of the Creative Commons Attribution License, which permits use, 
distribution and reproduction in any medium, provided the original work is properly cited. 
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native SOM (Cross & Sohi, 2011; Stewart et al., 2013). A recent meta-analysis of biochar impacts on CO2 
in upland soils shows biochar to have a range of responses depending on soil type but overall no 
significant effect on priming soil C (Liu et al., 2016).  
Research on how biochar impacts CH4 production and consumption in agricultural soils is less 
developed. Generally, agricultural CH4 fluxes are dominated by CH4 emissions from flooded irrigation 
systems and manure management, while upland agricultural soils provide a moderate CH4 sink (Mosier 
et al., 1998). A recent meta-analysis of biochar’s effect on CH4 emissions and uptake found that biochar 
has potential to mitigate CH4 emissions under flood irrigation management regimes but may decrease 
the CH4 sink in upland agricultural systems (Jeffery et al., 2016). Possible mechanisms influencing CH4 
uptake include biochar decreasing the ratio of methanogens to methanotrophs (Feng et al., 2012), 
possibly through pH mediated affects (Jeffery et al., 2016), directly adsorbing CH4 (Sadasivam & Reddy, 
2014) or aerating soils (Karhu et al., 2011).  
Agricultural soils are the leading contributor to N2O emissions in many countries world-wide due to 
microbial transformation of reactive N added through excessive fertilizer application and promotion of N 
fixing crops (Bouwman, 1996). In laboratory incubations, biochar has been shown to decrease N2O efflux 
on average by 54%, with contrasting effects by soil type (Cayuela et al., 2015; Cayeula et al., 2014), but 
results from field trials are beginning to challenge such findings (Verhoeven et al., 2017). Numerous 
mechanisms for biochar N2O reductions have been proposed, which can be generally categorized as 1) 
biochar decreasing nitrification or denitrification rates (van Zwieten et al., 2014; Wang et al., 2015), 2) 
biochar decreasing the N2O/N2 product ratio of denitrification (Cayuela et al., 2013; Obia et al., 2015; Xu 
et al., 2014) or 3) biochar impacting diffusion of N2O from soils (Cornelissen, et al., 2013; Harter et al., 
2016; Quin et al., 2015). While many studies have explored the effects of biochar under anaerobic 
conditions, which are most favorable to N2O production (Baggs & Bateman, 2005), research on biochar’s 
ability to reduce N2O under aerated soils is more limited. Some studies indicate biochar can actually 
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increase N2O production under aerobic conditions where nitrification may be the dominant N2O 
formation pathway (Sánchez-García, 2014; Wells & Baggs, 2014).  
Biochar’s effects on GHG emissions vary greatly depending on biochar feedstock (Mandal et al., 2016). 
Biochar produced from woody feedstocks has higher porosity and surface area, and lower H:Corg, O:Corg, 
volatiles and ash contents as compared to other biochars (Enders et al., 2012; Kloss et al., 2012; Ronsse 
et al., 2013). These characteristics are correlated with increased C stability of biochar (Crombie et al., 
2013; Spokas, 2010), increased CH4 oxidation in upland soils (Brassard et al., 2016) and greater N2O 
emission mitigation potential (Cayuela et al., 2015), making woody biochar a prime candidate for GHG 
mitigation. In many forested regions of the western United States, there is an oversupply of woody fuels 
that require management, due to mortality from beetle outbreaks, fire suppression efforts and declining 
timber markets (Adams, 2013; Hicke et al., 2012; Noss et al., 2006). Producing biochar from these 
woody fuels and applying it to agricultural soils could serve to produce bioenergy, manage residues and 
reduce emissions from agriculture (Field et al., 2013). A mechanistic understanding of how biochar 
impacts GHG emission across agricultural soils, in interaction with N availability and across soil moisture 
regimes, is necessary to implement successful biochar GHG mitigation programs. This study explores the 
GHG mitigation potential of a beetle-killed pine biochar soil amendment along a gradient of agricultural 
soil properties, nitrogen (N) fertilization treatments and soil moisture regimes and determines how 
these edaphic factors influence woody biochar’s GHG mitigation potential. 
The objectives of this research are to: 1) quantify the full GHG mitigation potential of a woody biochar 
by identifying the conditions that maximize C sequestration and GHG emission reductions across 
different agricultural soils, N fertilization levels and soil moisture regimes; 2) assess mineral N dynamics 
within the bulk soil and on biochar isolates to evaluate how soil properties, N fertilization and soil 
moisture regime impact biochar’s ability to mitigate N2O efflux. We hypothesize that the C sequestration 
of biochar provides the greatest potential to mitigate GHG emissions when compared on an annualized 
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CO2-eq basis, but this will vary by soil type, with high SOC soil retaining more biochar C. Relative to C 
sequestration, we expect biochar to have a significantly smaller impact on CO2 and CH4 emissions. We 
hypothesize biochar can provide significant reductions in N2O emissions but effects will vary by soil 
properties, fertilization and soil moisture. Of the processes impacting soil N2O efflux, we expect biochar 
to decrease N2O efflux relative to unamended control soils by: 1) reducing net N mineralization, 
resulting in greater N2O reductions in soils with more total N; 2) causing surface interactions with 
mineral N in the soil solution to prevent N transformation, resulting in N retention on biochar isolates 
and greater percent N2O reductions in N fertilized treatments; 3) impacting the relative amounts of N 
undergoing nitrification versus denitrification, with biochar treatments exhibiting more aerobic 
conditions thus decreasing N2O production from denitrification under anaerobic soil moisture regimes.  
2.2. Materials and Methods 
We tested these hypotheses in two lab incubations where biochar’s full GHG mitigation potential was 
measured over a 30 or 60-day period. In experiment 1 (E1), under aerobic conditions we tested how N 
fertilization and soil properties, including pH, SOM content and soil texture, regulate biochar’s impacts 
on GHG efflux, SOC stocks and mineral N dynamics. In experiment 2 (E2), on one of the fertilized soils 
across a range of moisture contents, we tested how soil moisture regime regulates biochar’s impacts on 






Table 1: Soil properties for the four temperate agricultural soils used in the incubation, including mean annual 
temperature (MAT) and mean annual precipitation (MAP) for the site, and bulk density (BD), sand (Sa), silt (Si), clay 
(Cl), total organic carbon (TOC), total inorganic carbon (TIC), total nitrogen (TN) and BET surface area of the soils. 
Analytical error (n=3) presented in parenthesis, where available. 
Site Land Use MAT MAP BD Sa Si Cl TOC TIC TN pH BET 





9 276 1.06 
(±0.02) 











Rangeland 7 278 0.93 
(±0.02) 














5 402 0.94 
(±0.00) 













17 665 1.00 
(±0.01) 










The four agricultural soils represent a gradient of pH, SOM content and soil texture (Table 1). Soils were 
sampled to a 10 cm depth using 4 soil pits per site then consolidating samples into a single air-tight bag. 
Soil samples were sieved to 2mm, air dried and stored prior to the incubation. Brunauer-Emmett-Teller 
(BET) surface area analysis was conducted using a single subsample of oven dried soil using a 
micromeritics BET surface area and porosity analyzer (ASAP 2020; Micromeritics, Norcross, GA). Soil 
texture was measured on a single 40g subsample of pre-incubated soils using sedimentation columns 
(Pansu & Gautheyrou, 2006). Soils were also analyzed for pH, inorganic C, and total C and N as described 
below. 
The woody biochar was produced using a beetle-killed lodgepole pine feedstock, under slow pyrolysis, 
reaching temperatures of 550°C, by Biochar Now (Berthoud, CO). Biochar was crushed and sieved to 
obtain a 2 to 2.8 mm size fraction that could be fractionated and recovered for analysis post-incubation. 





Table 2: Biochar production information along with physical and chemical properties. 
Description Biochar Property 
Feedstock Beetle-killed lodgepole pine 
Pyrolysis Slow pyrolysis, 550°C max temp 
Particle Size Sieved to 2.0-2.8mm 
Organic C 81.7      g/100 g biochar 
H:C 0.70 
C:N 255.3 
Ash 1.2        g/100g biochar 
pH 8.49 
BET 111.89  m2/g biochar 
protocol as for the soils. All other biochar analyses were conducted by the Soil Control Lab (Watsonville, 
CA 95076) in accordance with International Biochar Initiative protocols (Table 2). 
2.2.2. Experimental Design 
The E1 treatments consisted of the four agricultural soils (CO, ID, ND and TX; Table 1), two N fertilizer 
rates (unfertilized and fertilized), and two biochar addition rates (0 and 2.5% by weight) in a fully 
factorial design with four replicates, for each of the three destructive harvests (day 1, day 30 and day 
60) (n = 192). An additional destructive harvest was performed on day 7 for all N fertilizer and biochar 
treatments for the CO and TX soils only (n = 32). A 2.5% biochar application rate was selected to balance 
tradeoffs between economics and GHG effect size (Roberts et al., 2010). This rate is, depending on the 
soil bulk density (Table 1) and assuming a 10 cm incorporation depth, equivalent to a 23.3 to 26.5 Mg/ha 
field application.  
Samples were prepared using 50 g air-dried soil (0% biochar treatment) or 50 g air-dried mixture of soil 
and biochar (2.5% biochar treatment) in specimen cups. For E1, all samples were wetted with an 
amount of distilled (DI) water calculated to achieve 40% water filled pore space (WFPS) in the 
unamended control soil, see below, then pre-incubated for 4 days at 25°C in the dark to activate soil 
microbial activity. The incubation began on the fifth day by wetting the pre-incubated samples with DI 
water or a NH4Cl fertilizer solution to achieve 60% WFPS of the control soil. Fertilized samples received 
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1M NH4Cl at a rate of 140 µg N/g soil, which, depending on soil bulk density, was equivalent to a 130 to 
148 kg/ha field N fertilizer application. The sample cups were placed in an air-tight, quart-size mason 
jars, with ports for gas sampling, and stored at 25°C in the dark throughout the incubation. GHG efflux 
was sampled throughout the incubation on the treatments scheduled for harvest on day 60, as 
described below. Samples were destructively harvested at day 1, 7, 30 and 60 and processed for mineral 
N, as described below. Soil pH, inorganic C, and total C and N analyses were only performed on the 
samples harvested at day 60, as described below. Jars were periodically flushed to avoid excessive CO2 
accumulation (>2%) and soil moisture levels were maintained by checking the sample weight to monitor 
and compensate for evaporative losses. 
The soil moisture gradient incubation (E2) was conducted using the N fertilized (1M NH4Cl at a rate of 
140 µg N/g soil) CO soil with treatments consisting of two biochar rates (0 and 2.5% by weight) and four 
soil moisture levels (40, 60, 80 and 100% WFPS of the control soils, see below) in a fully factorial design 
with four replicates and one harvest at day 30 (n = 32). Samples were incubated using the same protocol 
as E1 and wetted to the desired WFPS after the pre-incubation period (note that the dry treatments 
were pre-incubated to 30% WFPS of the control). Samples were destructively harvested at day 30, and 
analyzed for mineral N as described below. 
Porosity of treatments were calculated assuming a soil particle density of 2.65 g/cm3 and biochar solid C 
density of 1.6 g/cm3 (Downie et al., 2009). In accordance with the methods used by Quin et al. (2015), 
the porosity of the soil and biochar mixtures were calculated as the composite from the estimated 
porosities of the components. Soil moisture was added to achieve 40, 60, 80 or 100% WFPS of the 
control soils, resulting in an estimated WFPS for the biochar treatments of 39.6%, 59.2%, 79.1% and 
98.7%, respectively. These treatments are referred to as dry (39.6-40% WFPS), aerobic (59.2-60% WFPS), 
moderately anaerobic (79.1-80% WFPS) and anaerobic (98.7-100% WFPS) throughout the text. 
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2.2.3. GHG Efflux 
The net CO2, CH4 and N2O fluxes were measured in both E1 and E2 by sampling the headspace gas 
periodically throughout the incubation (for E1 on day 1, 2, 3, 4, 6, 8, 10, 13, 16, 20, 25, 30, 35, 42, 50, 58; 
for E2 on day 0.5, 1, 1.5, 3, 4, 5, 6, 8, 10, 12.5, 15, 17, 20, 24, 28). Headspace GHG concentrations were 
sampled using cavity ring down spectroscopy (CRDS) with a recirculation pump (G2508 CRDS Analyzer; 
Picarro Inc., Santa Clara, CA). GHG concentrations were adjusted to account for mixing of headspace gas 
with the gas in the analyzer lines and chamber when sample ports were connected in a closed loop. The 
equilibrated GHG concentration of ambient air in the lines and chamber was measured prior to mixing 
with sample headspace. Mixed GHG samples were left to equilibrate for 3 mins before taking 




   (1) 
Where [GHG]h is the GHG concentration of the headspace, [GHG]lc is the GHG concentration of the lines 
and chamber, [GHG]m is the GHG concentration of the mixed sample, nh is the mol gas in headspace, nlc 
is the mol gas in lines and chamber and nm is the sum of nh and nlc. GHG efflux was calculated as the 
difference between GHG concentration of the headspace after flushing, and that measured at the day of 
the following sampling. 
2.2.4. Soil and Biochar Analysis 
Upon harvest, each sample was thoroughly mixed before subsampling for analysis of extractable mineral 
N in bulk soil (10g), extractable mineral N in biochar isolates (10g), pH (5g), and inorganic C, total C and 
N concentrations (5g). Soil subsamples for mineral N analyses were processed prior to air drying. Soil 
subsamples for inorganic C, total C and N analyses were ground using mortar and pestle and oven dried 
at 63°C prior to analysis. 
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Soil pH was measured in DI water (soil/water ratio, 5:1 by mass) using a pH electrode and stirrer bar 
(Orion EA940 Expandable ionAnalyzer; Orion Research, Jacksonville, FL). Inorganic C was only measured 
on the E1 CO soils (the other soil types had <0.1% inorganic C; Table 1) by dissolving samples in 6N HCl 
+3% ferrous chloride and sampling CO2 produced using a pressure transducer (Setra 280E; Boxborough, 
MA) (Sherrod et al., 2003). Total C and N were measured using an elemental analyzer (LECO Tru-SPEC 
elemental analyzer; Leco Corp., St. Joseph, MI). All analyses for the soils prior to incubation were 
performed on three lab replicates, while analyses of the E1 day 60 soils were performed on each of the 
four replicates. 
To quantify extractable mineral N concentrations in the bulk soil, a 10g subsample of the bulk soil (E1 
day 1, 7, 30 and 60; E2 day 30) was extracted using 2M KCl (soil/KCl ratio, 5:1 by mass), shaken for 1 
hour, filtered (Whatman #40 ashless filter paper) and analyzed colorimetrically (Alpkem Flow Solution IV 
Automated wet chemistry system; O.I. Analytical, College Station, TX) for NH4+ and nitrate (NO3-).  
In order to quantify the extractable mineral N within the biochar particles, for the 2.5% biochar 
treatment samples only, another 10 g subsample was taken (E1 day 1, 7, 30 and 60; E2 day 30), placed 
on a 2 mm sieve and rinsed with 1 L DI water to isolate the biochar from the bulk soil (as biochar particle 
size was 2 - 2.8mm). The biochar isolates were then extracted and analyzed for mineral N using the 
same method as described above. The dry mass of biochar isolates in the extracted subsample was 
determined by recovering the biochar post extraction, drying overnight at 63°C and weighing, 
accounting for any KCl residues on the biochar.  
2.2.5. Data and Statistical Analysis 
Biochar-induced GHG emission reductions and C sequestration was calculated as the difference between 
biochar and control GHG emissions or SOC stock means, and this difference was then converted to 
carbon dioxide equivalents (CO2-eq) using 100-year global warming potentials (Myhre et al., 2013). The 
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standard error for the GHG emission reductions and C sequestration was calculated using error 
propagation of the standard error for each treatment. An annualized value for C sequestration was 
estimated by multiplying the measured biochar-induced C sequestration by a factor estimating the 
percent biochar C left after 100 years, determined from a regression of the H:Corg of the biochar by 
Zimmerman and Gao (-74.3 x (H:Corg) + 110.2 = 58.2%), then dividing by 100 years to annualize (2013).  
Treatment effects were analyzed on the following response variables; cumulative CO2, CH4, N2O efflux, 
SOC, total N, pH, bulk soil NH4+ and NO3- and biochar isolate NH4+ and NO3-. We used a three factor 
ANOVA for E1 with fertilizer, amendment and soil as factors, and a two factor ANOVA for E2 with 
amendment and soil moisture level as factors. We used an ANCOVA to test for significant differences 
between soil and fertilization treatments on the relationship between N2O emissions in the biochar 
versus control soils, by modeling N2O in the biochar treatments using soil and fertilizer as factors and 
N2O in the control treatments as a covariate. Linear and exponential regressions were applied to model 
cumulative CO2 emissions by initial SOC content, cumulative N2O emissions by initial TN content and 
biochar isolate NO3- concentrations by bulk soil NO3- concentrations. For mineral N concentrations, NH4+ 
concentrations with mean values less than the measurement uncertainty were reported as 
undetectable. Where response variables were non-parametric, a Box Cox parametric power 
transformation was applied to transform the data for analysis (Box & Cox, 1964). All statistical analyses 
were performed in R version 3.3.1 (R Core Team, 2016). Significant differences between treatments 
were determined where p < 0.05. All error bars are reported as the standard error.  
2.3. Results 
2.3.1. Biochar’s Impact on C Sequestration and GHG Efflux by Soil Types and Fertilization  
After the 60-day incubation (E1), biochar amendments significantly increased SOC relative to the control 
soils by 0.84±0.05, 1.01±0.04, 1.16±0.16 and 1.21±0.11 g C (p<0.001 for each soil type) for the CO, TX, ID 
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and ND soils respectively. The soils with the lowest initial SOC content, CO and TX (Table 1), experienced 
the lowest gain in SOC. In the CO soil, the difference between biochar and control soils at the end of the 
incubation was less than the C added as biochar (1.02 g C), indicating some mineralization of the biochar 
added. N fertilization did not affect SOC content, nor did it significantly interact with the biochar 
treatments or soil type (Table 3). 
 
Fig. 1: Cumulative GHG efflux dynamics from biochar (closed shapes) and control (open shapes) treatments for the 
CO (orange squares), TX (red circles), ND (blue triangles) and ID (green diamonds) soils by nitrogen (N) fertilization 
(unfertilized, Fig. 1a,c,e; fertilized, Fig. 1b,d,f) and GHG type (CO2, Fig. 1a,b; CH4, Fig. 1c,d; N2O, Fig. 1e,f) over the 
60-day incubation (E1). Error bars display standard error. 
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All samples continued to respire throughout the 60-day incubation with CO2 emissions never reaching 
an asymptote (Fig. 1a,b). Soil type significantly affected cumulative CO2 emissions (p < 0.001) with a 
strong positive correlation between initial SOC content and cumulative CO2 emissions (R2 = 0.83; p < 
0.001). However, on a percent initial SOC basis, the TX soil experienced the greatest C loss as CO2 (5.3%,) 
followed by CO (3.1%), ID (2.6%) and ND (2.1%) soils. N fertilization significantly decreased soil 
respiration by 18.3% (p < 0.001). Overall, biochar amendments did not have a significant impact on soil 
CO2 emissions, but there were significant interactions with soil type and fertilization (Table 3). Biochar 
resulted in a 3.6% decrease in CO2 in the TX soils (p = 0.03) and a 0.6% decrease in the fertilized 
treatments (p = 0.04), but the other soils and unfertilized treatments showed no significant biochar 
effects on respiration (Fig. 1a,b).  
Table 3: Model of the response of soil organic carbon (SOC) and greenhouse gas emissions (CO2, CH4 and N2O) to 
biochar (B), fertilization (F) and soil type (S) treatments in Experiment 1 (see text for details). Degree of freedom 
(df) F and p-values from a three factor ANOVA are reported, with significant values (p < 0.05) bolded. 
Effect df 
SOC CO2 CH4 N2O 
F p F p F p F p 
B 1 4.72E3 <0.01 0.92 0.34 70.75 <0.01 37.22 <0.01 
F 1 0.02  0.89 360.53  <0.01 120.36 <0.01 1.16E3 <0.01 
S 3 2.14E3 <0.01 6.63E3 <0.01 405.90 <0.01 141.77 <0.01 
B x F 1 0.65 0.42 3.88 0.05 5.61 0.02 3.92 0.05 
B x S 3 767.64 <0.01 2.83 0.05 50.55 <0.01 3.04 0.04 
F x S 3 0.81 0.49 109.20 <0.01 125.99 <0.01 118.41 <0.01 
B x F x S 3 0.23 0.88 1.54 0.22 0.61 0.62 1.82 0.16 
All treatments experienced net CH4 uptake in E1 but with relatively low cumulative uptake (-2.80±0.37 
to -0.08±0.07 µg CH4), especially when reported on a CO2-eq basis (<95 µg CO2-eq uptake per sample). 
Biochar overall increased CH4 uptake by 48.6% (p < 0.001), but with significant interactions with soil type 
and fertilization (Table 3). Across soils, biochar increased CH4 by 154.3% in the ID soil (p = 0.01), 60.0% in 
the ND soil (p < 0.001) and 43.3% in the TX soil (p < 0.001) but had no impact on the CO soil. Between N 




Fig. 2: Relationship between cumulative N2O efflux in the control soils to cumulative N2O efflux in biochar soils 
across treatments over the course of the 60-day incubation (E1). Error bars display standard error. 
unfertilized treatments (p < 0.001) compared to 38.3% increase in uptake under the fertilized 
treatments (p = 0.001) (Fig. 1c,d). Fertilization had the opposite effect, overall reducing CH4 uptake by 
39.0% (p < 0.001). 
N2O efflux was also significantly impacted by biochar amendments, fertilization and soil type, and their 
binary interactions in E1 (Table 3), with cumulative emissions ranging from 0.7±0.1 to 349.9±159.8 µg 
N2O (Fig. 1e,f). The fertilized treatments experienced the greatest N2O efflux with 3.2% to 0.1% of the 
fertilizer added being emitted as N2O-N. In the fertilized treatments, the TX soil exhibited the greatest 
N2O production in both the control and biochar treatments followed by the ID soil, while the CO and ND 
soils had moderate levels of N2O production (Fig. 1f). N2O efflux in the unfertilized control treatments 
were reduced relative to the fertilized treatments and followed a more predictable trend with an 
exponential correlation between N2O efflux and initial total N (R2 = 0.82; p < 0.001). Biochar 
amendments decreased N2O efflux in the fertilized ID, ND, TX and CO soils by 63.6% (p = 0.04), 56.5% (p 
= 0.03), 48.9% (p = 0.26) and 10.8% (p = 0.63), respectively. In the unfertilized soils, biochar 
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amendments led to a decrease of 59.8% (p < 0.001), 57.0% (p < 0.001), 52.9% (p = 0.08) and 8.5% (p = 
0.56) in the ND, TX, ID and CO soils, respectively. N2O efflux in the biochar treatments exhibited a linear 
relationship with N2O efflux in the control treatment (R2=0.81; p < 0.001), and there was no significant 
effect of soil (p=0.46) or fertilizer (p=0.16) on this relationship (Fig. 2).  
 
Fig. 3: Soil mineral nitrogen (N) extracted from the bulk soil for biochar (closed shapes) and control (open shapes) 
treatments for the CO (orange squares), TX (red circles), ND (blue triangles) and ID (green diamond) soils by 
nitrogen (N) fertilization (unfertilized, Fig. 3a,c; fertilized, Fig. 3b,d) and mineral N type (ammonium (NH4+), Fig. 
3a,b; nitrate (NO3-), Fig. 3c,d) measured over the course of the 60-day incubation (E1). Error bars display standard 
error. 
2.3.2. Biochar’s Impact on Mineral N Dynamics by Soil Types and Fertilization 
NH4+ concentrations in the unfertilized soils were low throughout the incubation with NH4+ only 
detected in the day 1 ID and ND soils, then decreasing to 0 by day 60 (Fig. 3a). NO3- concentrations in the 
unfertilized treatments gradually rose throughout the incubation with a net increase of 10.3±0.6, 
16.8±0.6, 20.0±0.4 and 48.7±0.9 µg NO3--N / g soil, in the TX, ND, CO and ID control soils, respectively 
(Fig. 3c). In the fertilized treatments, where 140 µg NH4+-N / g soil was added, the day 1 soils captured 
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this NH4+ addition, then concentrations decreased to 0 by the end of the incubation in all soils except for 
the ID soil (Fig. 3b). Over the 60-day incubation NO3- concentrations increased even more than the 
unfertilized treatments (Fig. 3c,d), with a net increase of 39.8±1.7, 48.4±1.4, 50.8±1.0 and 74.5±1.4 µg 
NO3--N / g soil, in the TX, ND, CO and ID control soils, respectively. The additional accumulation of NO3--
N in the fertilized treatments relative to the unfertilized treatments can account for 18.4 to 24.4% of the 
NH4+-N added, indicating the NH4Cl fertilizer underwent other transformation pathways. 
Biochar treatments exhibited similar dynamics as control treatments where NH4+ decreased to 0 for all 
but the ID soils. Across soil types, in both the fertilized and unfertilized treatments at day 60, biochar 
reduced bulk soil NO3- relative to the control by 3.0% (p=0.01) and 11.6% (p<0.001), respectively. 
However, such differences in bulk soil NO3- were not significant across soil types at day 1 or day 30. Only 
the CO soils showed consistent reductions in NO3- concentrations relative to the control soils throughout 
the incubation, with some of the unfertilized soils also indicating biochar reduced NO3- at day 60 in the 
unfertilized treatments (Fig. 3c; Table 4). 
Table 4: Effect size and p-values for the difference between NO3- extracted from the bulk soil in the biochar 
treatments relative to the control treatments by fertilization treatments, soil types and day sampled, with 
significant values (p < 0.05) bolded. 
Soil 
Unfertilized Fertilized 
Day 1 Day 30 Day 60 Day 1 Day 30 Day 60 
CO -1.19 (p=0.01) -1.32 (p=0.04) -2.49 (p=0.01) -1.09 (p=0.04) -1.01 (p=0.47) -3.74 (p=0.02) 
TX 0.06 (p=0.81) 1.47 (p=0.23) -1.09 (p=0.06) 0.34 (p=0.25) 3.57 (p<0.01) -1.37 (p=0.30) 
ND -0.15 (p=0.80) 1.84 (p=0.65) -3.86 (p<0.01) -0.18 (p=0.78) 2.57 (p=0.10) -1.59 (p=0.34) 
ID 0.44 (p=0.28) -1.30 (p=0.25) -8.99 (p<0.01) -0.19 (p=0.64) -2.04 (p=0.25) -1.30 (p=0.51) 
Mineral N dynamics on the biochar isolates displayed similar trends as mineral N in the bulk soils (Fig. 4). 
In the unfertilized soils NH4+ concentrations on biochar isolates were below the detection limit for all 
treatments. In the fertilized treatment, NH4+ recovery on biochar isolates could account for 0.8 to 1.1 % 




Fig. 4: Soil mineral nitrogen (N) extracted from biochar isolates in biochar treatments for the CO (orange squares), 
TX (red circles), ND (blue triangles) and ID (green diamonds) soils by nitrogen (N) fertilization (unfertilized, Fig. 4a,c; 
fertilized, Fig. 4b,d) and mineral N type (ammonium (NH4+), Fig. 4a,b; nitrate (NO3-), Fig. 4c,d) measured over the 
course of the 60-day incubation (E1). Error bars display standard error. 
However, by day 60 in the fertilized there was little evidence for NH4+ retention on biochar isolates with 
NH4+ concentrations dropping to less than 4.49±2.57 µg NH4+-N / g biochar. Given the small biochar 
addition rate such NH4+ would not have been detectable in the bulk soil extracts.  
NO3- concentrations on biochar isolates were significantly higher than bulk soil on a per mass basis, 
therefore NO3- concentrations on biochar isolates were compared on a per surface area basis. NO3- 
concentrations by bulk soil could predict NO3- concentrations on biochar isolates following a linear 
relationship (R2 = 0.84; p < 0.001). NO3- recovery on biochar isolates accounted for 7.0%, 8.5%, 9.3% and 
12.4% of the total NO3- extracted from bulk soils across the CO, ND, TX and ID soils, respectively. 
Compared to biochar’s percent surface area for each soil type, 7.2%, 12.5%, 5.5% and 20.4% of the total 
surface area in the CO, ND, TX and ID soils, respectively (calculated using BET surface areas; Table 1),  
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Table 5: Model of the response of GHG emissions (CO2, CH4 and N2O) to biochar (B) and soil moisture (W) 
treatments in Experiment 2. Degree of freedom (df), F and P-values from a two factor ANOVA with significant 
values (p < 0.05) bolded. 
Effect df 
CO2 CH4 N2O 
F p F p F p 
B 1 32.20 <0.01 5.53 0.03 29.19 <0.01 
W 3 33.88 <0.01 1.75 0.18 144.89 <0.01 
B x W 3 17.97 <0.01 2.62 0.07 33.90 <0.01 
biochar isolates retained less NO3- per surface area in the higher SOM ND and ID soils, and similar NO3- 
per surface area in the CO and TX soils. 
Soil total N was not significantly impacted by biochar amendments, but fertilization significantly 
increased total N in the TX, ND and CO soils (Table A1). Biochar and fertilization significantly altered pH 
with interactions by soil type (Table A1), where biochar increased pH by 1.1% (p < 0.001) and 
fertilization decreased pH by 6.5% (p < 0.001) across treatments. Biochar significantly increased pH in 
the unfertilized ID and ND soils, which had a lower initial pH (Table 1), by 1.5% (p = 0.004) and 2.9% (p = 
0.003), respectively. In the ID soil, which was the only acidic soil used in this study, biochar increased pH 
also in the fertilized treatment by 1.9% (p < 0.001). 
2.3.3. Biochar’s Impact on GHG Efflux by Soil Moisture Regime  
In E2, the soil moisture and biochar treatments, as well as their interaction, significantly affected GHG 
efflux, with some exceptions for CH4 (Fig. 5; Table 5). In the control soils along the soil moisture 
gradient, soil respiration peaked in the aerobic treatment then declined in the anaerobic treatments. In 




Fig. 5: Cumulative GHG efflux dynamics from biochar (solid shapes) and control (open shapes) treatments for each 
of the four soil moisture levels (dry (light green squares), aerobic (dark green circles), moderately anaerobic (light 
blue triangles) and anaerobic (dark blue diamonds) by GHG type (CO2, Fig. 5a; CH4, Fig. 5b; N2O, Fig. 5c), measured 
over the 28-day fertilized CO soil incubation (E2). Error bars display standard error. 
anaerobic treatment and only slightly decreased in the anaerobic treatment. Such interactions resulted 
in biochar significantly increasing soil respiration by 11.1±% in the moderately anaerobic treatment 
(p=0.01) and 46.1% in the anaerobic treatment (p < 0.001). CH4 dynamics in this incubation resulted in 
small (0.04±0.02 to 0.09±0.004 µg CH4) but net CH4 emissions from soil. Biochar amendments led to a 




Fig. 6: Bulk soil mineral nitrogen (N) from the biochar and control soils separated by mineral N type (ammonium 
(NH4+), Fig. 6a; nitrate (NO3-), Fig. 6b) across the four soil moisture regimes (dry (D), aerobic (A), moderately 
anaerobic (MAn) and anaerobic (An), see text for details) measured at the end of the 28-day, fertilized, CO soil 
incubation (E2). Error bars display standard error. 
Treatment, but had no impact on CH4 at any of the other soil moisture levels. Surprisingly, water content 
did not significant affect CH4 fluxes, which however suffered in this experiment from high within 
treatment variability (Fig. 5b; Table 5). The soil moisture gradient also highlighted the large impact soil 
moisture, biochar and their interactions have on N2O (Fig. 5c; Table 5). In the control soils, the anaerobic 
treatments resulted in significantly greater N2O emissions than the dry and aerobic treatments (Fig. 5c). 
In the moderately anaerobic treatment, biochar amendments resulted in the largest reduction in N2O 
emissions relative to the control both in magnitude and percent change (649.40±88.63 µg N2O, 86.9% 
decrease; p = <0.01). In the anaerobic treatment, N2O efflux from the biochar amended soils was not 







Fig. 7: Biochar-induced GHG emission reductions by GHG or C sequestration (annualized CO2 equivalents) across 
the four soil types by nitrogen (N) fertilization (unfertilized Fig. 7a; fertilized Fig. 7b) measured at the end of the 60-
day incubation (E1), per experimental unit (50g soil:biochar mixture 100:2.5). Error bars display standard error. 
2.3.4. Biochar’s Impact on Mineral N by Soil Moisture Regime  
At the end of the 30-day soil moisture incubation, NH4+ concentrations were below detection limits in all 
treatments (0 to 0.93±0.33 µg NH4+-N / g soil) except for the anaerobic control treatment where 
27.87±0.51 µg NH4+-N / g soil remained (Fig. 6a). In the control treatments, bulk soil NO3- concentrations 
initially increased along the soil moisture gradient up to the aerobic treatment, but then began to 
decrease under the more anaerobic soil moisture regimes. Biochar NO3- dynamics differed from the 
control soil across the soil moisture gradient, where concentrations steadily increased as soils became 
more anaerobic (Fig. 6b). This resulted in biochar increasing NO3- by 13.1% (p = 0.002) in the moderately 
anaerobic treatment and 60.7% (p < 0.001) in the anaerobic treatment. Mineral N dynamics on the 
biochar isolates in E2 followed similar patterns as in E1. NH4+ concentrations on biochar isolates were 
below detection limit for all moisture levels (Fig. A1a). NO3- concentrations on biochar isolates exhibited 
slightly different dynamics from bulk soil where NO3- extracted increased until the moderately anaerobic 




Fig. 8: Biochar-induced GHG emission reductions by GHG (CO2 equivalents) per experimental unit (50g soil:biochar 
mixture 100:2.5), across the four soil moisture regimes (dry (D), aerobic (A), moderately anaerobic (MAn) and 
anaerobic (An), see text for details) measured at the end of the 28-day, fertilized, CO soil incubation (E2). Error 
bars display standard error. 
2.3.5. Biochar’s GHG Mitigation Potential 
Overall, in our study, woody biochar’s annualized C sequestration provided the greatest average GHG 
benefit of 23.6±5.2 mg CO2-eq per 50 g soil/soil + biochar treatment followed closely by biochar’s N2O 
reductions in the fertilized treatments of 22.9±12.8 mg CO2-eq per treatment. Biochar’s ability to reduce 
CO2 emissions across treatments and N2O in the unfertilized treatments were both negligible at 1.2±2.4 
and 2.2±3.0 mg CO2-eq per treatment, respectively, with the high variance highlighting uncertainty in 
biochar’s ability to mitigate GHG efflux in unfertilized soils. Biochar did significantly improve CH4 uptake 
but the GHG reduction were orders of magnitude lower at 10.2±6.2 µg CO2-eq per treatment.  Biochar’s 
full GHG mitigation potential showed marked differences by soil type and fertilization especially for N2O 
(Fig. 7), which emphasizes the importance of understanding controls on biochar’s ability to mitigate N2O. 
Depending on fertilization and soil environmental conditions (assuming predominately aerobic 
conditions), scaling the results from this incubation indicate that biochar amendments showed potential 
to mitigate soil CO2 emissions from 0.39 to 1.49 Mg CO2-eq ha-1 at a 25 Mg ha-1 biochar application rate 
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or 14.8 to 59.7 kg CO2-eq ha-1 (Mg biochar)-1 reduction. GHG mitigation potential from E2 highlighted 
biochar’s significant GHG mitigation potential for N2O under moderately anaerobic conditions. By 
contrast, under anaerobic conditions biochar induced an increase in GHG emissions from increased CO2 
efflux (Fig. 8). 
2.4. Discussion 
To maximize biochar’s GHG mitigation potential from bioenergy to agricultural systems, it is important 
to understand biochar’s effect on individual GHG fluxes and C sequestration, then target biochar 
applications to achieve the greatest net GHG emission reduction. Similar to other studies measuring 
woody biochar impacts on different GHG emission reductions, this study showed the greatest GHG 
mitigation potential in C sequestration and N2O emission reductions (Thomazini et al., 2015; Stewart et 
al., 2013; Zheng et al., 2012). These incubations highlight the magnitude of biochar’s effect on mitigating 
different GHGs, rather than simply the percent change. Across different agricultural soils, biochar 
application for GHG mitigation show the most promise for C sequestration and reducing N2O emissions 
in fertilized soils, while impacts on CO2 priming and CH4 show to be minimal. 
2.4.1. C Sequestration 
Increased SOC in the biochar treatments relative to the control confirmed that much of the biochar C 
added was retained throughout the 60 day incubation, but with less of an increase in the lower SOC 
soils. The CO soil showed evidence of biochar C mineralization with the difference between biochar and 
control SOC being only 82% of the biochar C added. The reduced effect of biochar C additions in these 
low SOC soils suggests that the labile components of biochar may be more readily mineralized by soils 
with greater C turnover, as evidenced by these soils’ cumulative CO2 emissions also comprising a greater 
proportion of their initial SOC. Studies exploring biochar-derived CO2 similarly find that biochar C is a 
more abundant microbial substrate in low SOC soils (Stewart et al., 2013). 
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2.4.2. CO2 Impacts 
Biochar’s ability to positively or negatively prime native SOM is one concern researchers have identified 
when considering biochar’s full GHG mitigation potential (Liu et al., 2016). Biochar has been predicted to 
stimulate decomposition of native SOC due to inputs of labile biochar C or microbial protection from 
predators stimulating mineralization (Cross & Sohi, 2011). Negative priming could also occur through 
direct sorption of labile organic matter on biochar or within biochar-mineral fractions (Lu et al., 2014; 
Singh et al., 2014). As found in similar lab incubations (Liu et al, 2016), this study demonstrated that 
across four different agricultural soils with various SOM, pH and texture there was no evidence of 
biochar inducing increased CO2 emissions. Two of the soils with lower SOC exhibited biochar decreasing 
CO2 efflux, suggesting biochar functional groups may interact with labile SOM to decrease mineralization 
(Jiang et al., 2016; Pignatello et al., 2006). However, on a CO2-eq basis these emissions from priming are 
minimal comprising only 5.1% of the annualized C sequestration. Methodologies to quantify biochar’s 
GHG mitigation potential should address the potential effects of priming but estimations from the 
literature (Liu, et al., 2016) can be used to streamline monitoring requirements.  
2.4.3. CH4 Impacts 
This woody biochar showed potential to increase the CH4 sink in upland agricultural soils by 48.6% 
depending on fertilization and soil type (E1). This result contrasts findings of the recent Jeffery et al. 
(2016) biochar CH4 meta-analysis which found biochar decreases the CH4 sink in upland soils. In this 
aerobic incubation, biochar’s ability to increase CH4 uptake was greater in the unfertilized treatment as 
compared to the fertilized soils, which may indicate NH4+ is competitively excluding CH4 at binding sites 
preventing CH4 oxidation (Bedard & Knowles, 1989). However, biochar’s CH4 mitigation potential for 
upland agricultural soils must be viewed in the context of the magnitude of change in addition to 
percent change. Upland agricultural systems are generally observed to be a CH4 sink with capacities 
around 0.03 to 0.20 mg CH4 m-2 per day (Powlson et al, 1997). Applying the 48.6% increase in CH4 uptake 
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achieved in this incubation to that range, biochar would only have potential to annually increase CH4 
uptake by 1.8 to 12.1 kg CO2-eq/ha, less than 2.6% of the annualized C sequestration potential. Biochar 
application to upland agricultural systems therefore provides limited net GHG mitigation from increasing 
CH4 uptake relative to other GHGs. 
Along the soil moisture gradient in the fertilized CO soils (E2), biochar led to an increase in soil CH4 efflux 
(p=0.03), again contrasting the trend of decreased CH4 in flooded systems (Jeffery et al., 2016). Increases 
in CH4 has also been found in numerous other studies citing mechanisms such as inputs of labile C from 
biochar under anaerobic conditions stimulating CH4 production (Zhang et al., 2013) and reduced CH4 
oxidation from changes in microbial community composition (Spokas et al., 2009; Yu et al., 2013). 
However, further exploration of different biochars in saturated soils may provide larger magnitudes of 
CH4 emission reduction that could serve as a viable GHG mitigation strategy (Jeffery et al., 2016; Feng et 
al., 2012). 
2.4.4. N2O Impacts 
Relative to impacts on other GHG emissions, this woody biochar shows the greatest GHG mitigation 
potential in reducing N2O in fertilized soils. The interactions between biochar and SOM, soil pH, soil 
texture, fertilization and soil moisture on mineral N dynamics and N2O efflux can help inform the 
mechanisms by which biochar impacts N2O efflux. Hypotheses for biochar’s ability to reduce N2O include 
effects on nitrification and denitrification rates (He et al., 2016; Wang et al., 2015), sorption of mineral N 
to the biochar (Case et al., 2012; Sohi et al., 2010; van Zweiten et al., 2014) and impacts on soil aeration 
(Augustenborg et al., 2011; Mukerjee et al., 2014; Rogovska et al., 2011). These incubations primarily 
tested hypotheses related to nitrification and denitrification rates, biochar reducing N mineralization, 
preventing N transformation via sorption of mineral N, impacting soil redox and the resulting N 
transformation processes, as evidenced by mineral N dynamics in soils. 
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We found that: 
1. Woody biochar did not reduce N2O emissions by reducing net N mineralization and nitrification 
Biochar has been hypothesized to decrease N2O by reducing net N mineralization and the available NH4+, 
thus reducing nitrification rates and subsequent N2O production (He et al., 2016; Wang et al., 2015). We 
evaluated this impact in the unfertilized treatments by comparing biochar’s impact on net 
mineralization and nitrification, and N2O efflux. For the unfertilized soils, the positive correlation 
between soil total N and N2O production combined with negligible NH4+ concentrations and 
accumulation of NO3- throughout the incubation, confirms that N mineralization and subsequent 
nitrification is the primary control on N2O production. Biochar significantly reduced N2O efflux in the ID 
and TX unfertilized soils with minimal effects in the CO soil. However, at day 30, only the CO soil 
exhibited reduced NO3- availability in the biochar treatment relative to the control, indicating a 
reduction in net mineralization and nitrification. CO2 data confirms that biochar did not significantly 
impact soil respiration across treatments further substantiating the claim that biochar did not 
significantly decrease mineralization. While the unfertilized treatments did experience a significant 
decrease in NO3- by day 60 (Fig. 3c; Table 4), 67% to 100% of the N2O was produced by day 30 with a 
clear biochar reduction in N2O across treatments (Fig. 1e,f).  
In the fertilized treatments, a similar pattern emerged where biochar amendments only significantly 
decreased NO3- concentrations in the CO soils, yet biochar significantly reduced N2O emissions in the ND 
and ID soils. In the fertilized treatments, the increase in NO3--N could only account for 19.1 to 24.7% of 
the NH4+-N added across treatment, indicating gross N immobilization, or possibly other N losses 
through denitrification or NH3 volatilization also may have occurred. Even though other NH4+ 
consumption pathways besides nitrification were present, NO3- accumulation within the biochar and 
control treatments remained the same in all but the CO soils indicating biochar did not reduce 
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nitrification rates. Therefore, in this study, across both soil types and fertilization, biochar’s N2O 
emission reductions cannot be explained by biochar’ impact on N mineralization and nitrification. 
2. Woody biochar did not reduce N2O emissions by reducing mineral N availability 
N sorption processes on biochar surfaces is another commonly cited mechanism for biochar’s ability to 
reduce soil N2O efflux (Case et al., 2012; Sohi et al., 2010; Thomazini et al., 2015; van Zwieten et al., 
2010). Leachate studies have demonstrated that biochar surfaces can retain mineral N, potentially 
through surface reactions that prevent microbial transformations. In our study, NH4+ recovery from both 
the bulk soil and biochar isolates was minimal after day 1, with no retention of extractable NH4+ on 
biochar isolates. Extractable NO3- recovered on biochar isolates also exhibited a strong correlation 
relative to the NO3- concentrations of the bulk soil. This indicates that sorption processes impacting 
nitrification are not required to explain extractable N recovered on the biochar surfaces, and mineral N 
dynamics within the bulk soil can account for mineral N dynamics on biochar isolates. Other studies 
confirm that biochar does have significant potential to sorb NH4+, but sorption is primarily mediated 
through cation exchange processes (Cui, 2016; Zeng, 2013), where mineral N would still be accessible to 
microbial transformation. Physical adsorption with interior biochar pores has also been shown to be an 
important mechanism for the adsorption capability of biochar (Nguyen et al., 2017; Zhang et al., 2012). 
Biochar sorption of mineral N did not prevent nitrification on biochar isolates and this mechanism 
cannot account for reduced N2O efflux.  
3. Woody biochar consistently reduced N2O emissions relative to control treatments regardless of 
soil type or fertilization rate 
One of the clearest patterns emerging from the aerobic incubation was the consistency of N2O emissions 
in the biochar treatments relative to the controls (Fig. 2). Neither fertilization nor soil type significantly 
impacted this relationship suggesting that soil properties or substrate availability may have a limited 
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impact on the percent reductions from biochar amendments. This finding confirms the findings of 
Thomazini et al. (2015) who found a similar relationship between biochar and control N2O across ten 
different soil types. Our study extends the trend to fertilized treatments with greater N2O production. 
This implies the relative reduction achieved by the biochar may be driven more by biochar properties 
rather than by the soil properties. 
Biochar’s ability to impact gaseous diffusion of N2O from soil could provide one possible mechanism for 
the consistent percent N2O reductions across treatments. Diffusion of N2O from soils is an often-
overlooked process, which could reduce N2O independent of N2O production (Blagodatsky & Smith, 
2012). Harter et al. (2016) demonstrated biochar’s ability to entrap N2O in water-filled pores under 
anaerobic soil conditions. Similarly, under a range of aerobic WFPS in sterilized soils, Quin et al. (2015) 
showed significant sorption of N2O to biochar treated soils. This may serve as a temporary mechanism to 
limit N2O efflux by slowing diffusion and increasing the likelihood of N2O being fully reduced to N2 by 
denitrifying microbial communities within anaerobic microsites. Cornelissen et al. (2013) developed N2O 
sorption isotherms for woody biochars showing their large capacity for N2O sorption. Applying this 
woody biochar’s BET surface area to the curves they developed indicates a maximum sorption capacity 
of roughly 40 cm3 N2O / g biochar or 98.2 mg N2O for the biochar treatment, well above the max N2O 
emissions in this experiment (Cornelissen et al., 2013). Biochar N2O sorption thus provides one possible 
explanation for the consistent trend across soil type and fertilization observed in these aerobic 
incubations.  
4. Woody biochar reduced N2O by aerating soil under moderately anaerobic conditions, thus 
reducing denitrification rates  
Biochar treatments may also have differing impacts on N2O production as soils transition from 
predominantly aerobic to anaerobic conditions. Woody biochar is characterized by containing residual 
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macropores which while, in this study only contributed 3.8% to the total porosity of the soil, may be 
more effective at retaining air-filled pores than other soil pores (Sun et al., 2012). Such biochar residual 
macropores exhibit much lower pore connectivity than bulk soil pores thus may more readily retain air-
filled pore space reducing the prevalence of anaerobic microsites within the soil matrix (Schnee et al., 
2016; Sun et al., 2013). Biochar porosity can retain air even when soils are fully saturated due to 
hydrophobic effects depending on biochar functional groups (Gray et al., 2014). N2O production from 
denitrification can be significantly more than N2O production from nitrification, thus shifts to a more 
aerobic soil environment induced by biochar porosity could potentially reduce the rates of 
denitrification within soils. 
The fertilized CO soils incubated across a soil moisture gradient (E2) demonstrated that soil moisture 
significantly impacts biochar’s N2O mitigation potential and the greatest potential is at moderately 
anaerobic soil moisture levels (Fig. 8). In the control soils, N2O production from the moderately 
anaerobic and anaerobic treatments was far greater than the dry and aerobic treatments, indicating 
that N2O contributions from denitrification dominate N2O production in this CO soil (Bateman and 
Baggs, 2005; Linn & Doran; 1984). In the moderately anaerobic treatments, biochar showed an 86.9% 
reduction in N2O efflux which could be explained by a shift from moderately anaerobic conditions to a 
more aerobic soil environment where denitrification would be reduced. This shift towards less 
denitrification in the moderately anaerobic biochar treatment was confirmed by higher NO3- 
concentrations at day 30, suggesting decreased NO3- consumption through denitrification. Further 
evidence for biochar inducing a more aerobic soil environment in the moderately anaerobic treatments 
comes from biochar significantly increasing the cumulative CO2 efflux relative to the control soil, another 
aerobic process.  
In the anaerobic soil moisture treatments the control soil retained 23% of the NH4+ added (Fig. 6a), likely 
due to the limited O2 availability for nitrification. The biochar treatments however saw no NH4+ 
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remaining after 30 days and higher levels of NO3- indicating nitrification was not O2 limited, potentially 
due to O2 retention within the biochar pores. Biochar’s ability to better retain air-filled pore space than 
bulk soil pores may have supplied enough O2 for nitrification but under predominately anaerobic 
conditions did not prevent denitrification resulting in no significant difference between biochar and 
control N2O efflux. The additional air-filled pore space from biochar may have reduced anaerobic zones 
within the soil where N2O would be fully reduced to N2, resulting in biochar treatments exhibiting no 
change or a potential increase in N2O relative to the control.  Soil moisture level and the prevailing redox 
status within the soil show large potential to influence biochar’s ability to reduce N2O and future 
research must consider these dynamics especially when modeling field condition with variable soil 
redox.  
2.4.5. Toward Biochar Application as a GHG Mitigation Technology 
If biochar is pursued as a climate-smart technology to reduce the GHG footprint of bioenergy and 
agricultural systems, biochar applications show the greatest GHG emission reduction potential by 
sequestering C and reducing N2O emissions in fertilized soils. Research should be directed toward 
developing and testing models that can consider the multiple interacting mechanisms highlighted above 
of how biochar impacts the soil environment, such as the new biochar module within the Agricultural 
Production Systems sIMulator software (Archontoulis et al., 2016). Modeling efforts should test the 
mechanisms where biochar demonstrates the greatest GHG emission reduction potential, specifically 
those related to biochar’s impact on mineral N dynamics and biochar C stabilization, and utilize research 
from lab incubations to help explain dynamics in field studies. Field studies and data sharing will be 
critical for developing and parameterizing such biochar models and identifying if such mechanisms are 
artifacts of lab incubations or carry over to field results (Verhoeven et al., 2017). Biochar research should 
also focus on understanding the temporal dynamics of these various mechanisms and if biochar can 
provide sustained annual GHG emission reductions or just short-lived effects, thus impacting the full 
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GHG emission reduction potential over the lifetime of the biochar. If the “biochar solution” is to provide 
significant GHG mitigation potential, research efforts must shift to applying lessons learned from 





3. BROADCAST WOODY BIOCHAR PROVIDES LIMITED BENEFITS TO DEFICIT IRRIGATION 
MAIZE IN COLORADO2  
3.1. Introduction 
Agriculture is one of the most vulnerable sectors to changing temperature and precipitation regimes, yet 
also contributes to the problem itself generating 24% of GHG emissions globally (Smith & Bustamante, 
2014). In the context of climate change, identifying agricultural practices that improve water and 
nutrient management while decreasing GHG impacts is essential for developing sustainable agricultural 
systems. Dryland and irrigated systems are especially sensitive to changes in precipitation and the 
resulting impacts on water supply, thus promoting water-use efficiency in agricultural practices is critical 
in managing these increasingly limited water resources (Kang et al., 2009). Increasing soil organic matter 
is one strategy to help improve the available water capacity of soils (Hudson, 1994), to help manage 
crop water stress while also providing climate benefits through C sequestration. Soil moisture regime 
also interacts with soil N cycling to impact crop productivity, affecting N availability, transformation and 
losses (Gonzalez-Dugo et al., 2010). Sustainable agricultural practices must consider interactions with 
soil water dynamics to maximize fertilizer N delivery to crops while minimizing environmental losses 
from N leaching or gaseous N production, including the important GHG, N2O. Biochar soil amendments 
are one agricultural technology with potential to deliver improved water and N retention while 
decreasing GHG emissions (Atkinson et al., 2010), but few field studies have evaluated biochar’s 
agronomic and environmental benefits in combination with reducing irrigation inputs (Foster et al., 
2016; Kangoma et al., 2017).  
With shifting climate patterns and growing demands on water supplies, producers in arid to semi-arid 
climates must consider new strategies for water conservation and increasing water productivity. 
                                                          
2 This chapter is currently in review in Agriculture, Ecosystems and the Environment as a manuscript authored by 
Ramlow, M., Foster, E., del Grosso, S., and Cotrufo, M.F.  
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Irrigation systems are generally designed to supply water to match the demands of evapotranspiration 
(Allen et al., 1998). With increasing competition for water resources and variable water supply, farmers 
may resort to deficit irrigation strategies to maintain yields while decreasing irrigation water use. Deficit 
irrigation strategies might include not irrigating crops during the early vegetative growth phases, which 
are less sensitive to water stress, or reducing total irrigation water throughout the growing season 
(Geerts & Raes, 2009; Sudar et al., 1981). Soil amendments, such as biochar, offer opportunities for 
improving water productivity by potentially increasing water storage while reducing evaporative losses. 
Biochar’s porous structure has been shown to increase the water holding capacity of soils (Ali et al., 
2017; de Melo Carvalho et al., 2014; Omondi et al., 2016), but this effect varies with soil texture, with 
more heavily textured soils showing diminished effects (Dan et al., 2015). Combining strategies of deficit 
irrigation while increasing water storage through biochar amendments may minimize crop water stress 
and reduce total water inputs. 
Changes to soil moisture due to irrigation and soil organic matter management will also influence N 
availability, including soil N transformation and delivery to the crops (Barakat et al., 2016; Gonzalez-
Dugo et al., 2010). N requirements are largely supplied through passive water uptake into roots, 
therefore higher irrigation has been shown to significantly increase N use efficiency across cropping 
systems (Aulakh & Malhi, 2005). Modeling studies also suggest that soils with greater water holding 
capacity have greater potential for improved N use efficiency (Asseng et al., 2001). Soil moisture levels 
and dynamics not only impacts crop N uptake but also microbial N cycling, as soil water content controls 
N diffusion, mineralization, immobilization, nitrification and denitrification (Barakat et al., 2016). Biochar 
may alter mineral N availability through its high ion exchange capacity (Gai et al., 2014), direct impacts 
on microbial N transformation (Clough et al., 2013; Nguyen et al., 2017) and interactions with soil 
hydraulic properties affecting mineral N transport through (Sun et al., 2015). Previous research 
demonstrated that biochar reduces mineral N leaching in irrigated systems (Gai et al., 2014), but the 
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dynamics for mineral N transport and transformation with biochar addition in deficit irrigation systems 
requires further study.  
Lab incubations have shown that biochar can substantially reduce N2O emissions by 54% across studies 
(Cayuela et al., 2014; Cayuela et al., 2015), yet the degree to which biochar mitigates N2O emissions 
under field conditions remains uncertain (Verhoeven et al., 2017). Exploring interactions with irrigation 
regimes may help resolve some of those outstanding discrepancies. Assessing the impact of 
management practices on N2O emissions in the field presents numerous challenges due to extensive 
temporal and spatial variability (Parkin & Venterea, 2010). Soil moisture is a key control on soil redox 
status, which moderates nitrification and denitrification rates, the two primary sources of N2O in soils 
(Baggs & Bateman, 2005; Linn & Doran, 1984), although other N transformation processes may also 
contribute to N2O production (Butterbach-Bahl et al., 2013). Deficit irrigation regimes with different soil 
moisture dynamics may alter biochar’s impact on N2O emissions. Some field studies indicate that soil 
moisture moderates biochar’s ability to reduce N2O, but more research is needed to understand these 
impacts (Angst et al., 2014; Saarnio et al., 2013; Scheer et al., 2011). 
In addition to N2O reduction, biochar also reduces GHGs by sequestering C in soils. Biomass pyrolysis 
generates a condensed aromatic C structure that is more resistant to microbial decomposition, allowing 
for C sequestration in soils on the century to millennia timescales (Spokas, 2010). When sourced from 
sustainable feedstocks, biochar has potential to deliver significant GHG benefits up to 12% of global 
anthropogenic CO2-eq emission annually (Woolf et al., 2010). Biochar’s effects on the priming of native 
soil organic matter must also be considered when calculating its full impact on GHG emissions, but a 
recent meta-analysis suggests such effects are minimal (Wang et al., 2016). 
Here we assessed both the agronomic and environmental benefits of a beetle-killed pine biochar soil 
amendment relative to unamended soils under conventional and deficit irrigation management in a 
38 
 
maize production system. This study explored three agronomic and environmental benefits biochar may 
provide across different irrigation regimes: 1) improved soil water retention, 2) reduced mineral N 
losses, and 3) increased GHG benefits. We hypothesize that in irrigated maize biochar will: 
1) Increase soil water retention throughout the growing season, translating to yield benefits under 
deficit irrigation; 
2) Mobilize nutrients in the rooting zone and decrease N leaching through the soil profile leading 
to improved crop N uptake, with less of an effect in deficit irrigation due to less mineral N 
leaching; 
3) Provide significant GHG benefits by sequestering C in soils and reducing N2O emissions, with 
less of an effect in deficit irrigation due to lower N2O emissions. 
3.2. Materials and Methods 
3.2.1. Site Description and Experimental Design 
We tested biochar’s impact on soil moisture dynamics, mineral N availability and GHG benefits in a 
maize system with irrigation manipulation at the Agricultural Research Development and Education 
Center in northeastern CO (40°39’6” N; 104°59’57” W). The site receives 27.3 cm precipitation annually 
with a mean annual temperature of 8.9°C (CoAgMet weather station, 1993-2016 annual average, 
retrieved 2017). The 2016 field season (April to October) recorded a mean temperature of 15.9°C 
(ranging from -4.9 to 37.0°C) and received 14.1 cm precipitation, in addition to the irrigation treatments 
described below (CoAgMet weather station, retrieved 2017). The soil at the site is a Fort Collins loam 
(mesic Aridic Haplustalfs; NRCS, 2017) with a clay loam texture (34.7% sand, 31.6% silt, 33.7% clay), 1.19 
g cm-3 bulk density, pH 7.99 (5:1 water:soil, w/w), 1.49% C, and 0.12% N.  
The experiment was a randomized block design with four blocks, three irrigation treatments (Full, 
Limited and Drought irrigation) and two soil amendments (biochar and control), for a total of 24 plots. 
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Experimental plots were 4.5 x 4.5 m, each planted with six rows of Dupont® Pioneer maize hybrid 
(P9697A). Irrigation treatments included Full irrigation (irrigation amounts designed to meet crop 
requirements (50.8 cm)), Limited irrigation (stopping irrigation during the non-essential growth phases 
V5 to V10 (42.5 cm; Table 6)), and Drought irrigation (half the rate of the Full irrigation treatment (25.4 
cm)). Irrigation was applied weekly as specified in Table 6. Such irrigation treatments were applied each 
year starting with the 2014 growing season, as described in Foster et al. (2016). Within each irrigation 
treatment, we established two soil amendment treatments: 1) a coarse-sized, slow pyrolysis woody 
biochar treatment, and 2) a no amendment control. 
Table 6: Crop phenology and management throughout the 
growing season 
Date Crop Phenology Management 
13 May  Fertilizer application 
23 May  Planting 
24 May  Herbicide application 
3 June Emergence Begin irrigation 
7 June V1  
23 June V6 Limited irrigation: irrigation stopped 
8 July V9 Limited irrigation: irrigation resumes 
12 July  Herbicide application 
29 July VT  
2 Aug R1  
21 Sept  Biomass sample harvest 
29 Sept R6  
3.2.2. Biochar and Fertilizer Application 
The woody biochar was produced using a beetle-killed lodgepole pine feedstock, under slow pyrolysis, 
reaching temperatures of 550°C, sieved to the chip size fraction (>3 mm) by Biochar Now (Berthoud, 
CO). Biochar treatments were applied in April 2015 at a rate of 25 Mg ha-1 to the surface of the plots 
(equivalent to a 2.1% by mass application rate), then tilled using a disc tiller to a 10 cm depth (control 
plots were also tilled). Biochar characterization was conducted by Hazen Research, Inc. (Golden, CO 
80403) in accordance with International Biochar Initiative protocols (Table 7). BET surface area analysis 
(Table 7) was conducted using a micromeritics BET surface area and porosity analyzer (ASAP 2020; 
40 
 
Micromeritics, Norcross, GA, USA), as described in Ramlow & Cotrufo (2017). All treatments received a 
banded fertilizer applied at a depth of 25 cm on May 13th, 2016. The fertilizer solution was a urea 
ammonium nitrate liquid fertilizer applied at a rate of 98.6 N - 34.7 P - 1.7 Zn kg ha-1, based on plant 
requirements and previous soil nutrient levels. Planting occurred on May 23, 2016 with recommended 
herbicide treatments (Roundup® PowerMAX at 2.3 L ha-1) the following day. 
Table 7: Biochar production information along with 
physical and chemical properties as characterized by 
an ultimate analysis, pH and bulk density 
measurements and BET surface area analysis. 
Description Biochar Property 
Feedstock Beetle-killed lodgepole pine 
Pyrolysis Slow pyrolysis, 550°C max temp 
Particle Size Sieved to >3mm 
Organic C 86.2      % 
H:Corg 0.35      molar ratio 
C:N 478.8    mass ratio 
Ash 1.1        % 
pH 8.49 
Bulk Density 0.11      g cm-3 
Porosity 0.93 
BET surface area 111.89  m2/g biochar 
3.2.3. Soil C and Bulk Density Sampling 
Soils were sampled after biochar application (May 27, 2015) and at the end of the 2016 growing season 
(Sept. 27, 2016) to a 30 cm depth using a 7 cm-diameter soil corer and were separated at a 0-10 and 10-
30 cm soil depth for determining soil bulk density, and total C. Additionally, periodically throughout the 
2016 growing season, 3 soil samples per plot were taken with a 2 cm-diameter soil auger to a 10 cm 
depth, and composited by plot for gravimetric water content (GWC) determination. Soil samples were 
stored in plastic bags in a cooler, transported to the lab, sieved to 2 mm, sampled for GWC and then left 
to air dry. Coarse biochar particles (>2 mm) were physically separated on all soil samples. Soil and coarse 
biochar GWC was determined on a ~15g subsample by oven-drying overnight at 105°C. For total C 
measurements, oven-dried soils were pulverized and analyzed on a LECO True-Spec CN analyzer (Leco 
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Corp., St. Joseph, MI, USA). Total C in the coarse biochar particles was determined from their C 
concentration (Table 7) and dry weight. 
3.2.4. Soil Moisture Sampling and Water Stress Coefficient 
Volumetric water content was sampled weekly throughout the 2016 growing season using a time 
domain reflectrometer (TDR), measuring to a depth of 10 cm. Field capacity for each plot was 
determined on Sept. 9, 2016 by saturating a 20 cm2 section of the plot, wetting soils 3 times waiting 90 
minutes to allow for drainage before the next sample. We took TDR measurements and soil cores (as 
described above) initially and after each of the three wetting events within the saturated zone to 
develop a calibration curve between TDR and GWC measurements. Field capacity was then measured 
the subsequent day to allow for sufficient drainage after saturation (Veihmeyer & Hendrickson, 1949). 
GWC and TDR readings were compared to develop a linear regression to calibrate and convert TDR 
readings to GWC (R2=0.68, p<0.001) (Fig. A2). 
Soil porosity was estimated from the field soil bulk density, assuming a soil particle density of 2.65 g cm-3 
and biochar particle density of 1.6 g cm-3 (Brewer et al., 2009). The porosities of biochar amended soils 
were calculated using the method of Quin et al. (2015), where the composite porosity was estimated 
from the soil and biochar components. Water-filled pore space (WFPS) was then estimated as 
volumetric water content divided by the soil porosity. To evaluate soil water content in relation to crop 
water demands, we calculated the water stress coefficient, Ks, throughout the growing season. Ks values 
less than 1 indicate increasing crop water stress, or the degree to which soil moisture has dropped 
below the management allowable depletion, the maximum soil water depletion acceptable between 
irrigation applications. Ks was calculated using the following equations from FAO 56 (eq. 2; Allen et al., 







  (2) 
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We applied a management allowable depletion (MAD) of 0.5 for maize cropping systems (Allen et al., 
1998). Soil water depletion (SWD) was estimated with plot level measurements of gravimetric field 
capacity (θFC) and gravimetric soil moisture content (θ) for each sampling day. To calculate total 
available water (TAW), we applied the same θFC values and a wilting point (θWP) of 8.98% GWC, 
determined from web soil survey data for the site (NRCS, 2017), to all plots assuming no impacts of 
biochar on the wilting point (Abel et al., 2013; Andrenelli et al., 2016; Hardie et al., 2014; Sun et al. 
2013). 
3.2.5. Soil Mineral N Sampling 
Available mineral N was assessed using ion exchange resin bags (Binkley & Matson, 1983). For each time 
interval, resin bags were buried at a 25cm depth within each of the four central rows of the six-row plot 
where fertilizer was banded. Resin bags were deployed in the field for a period of 3 weeks in June (June 
14th to July 6th), July (July 7th to July 27th) and August (July 28th to Aug 16th). At the end of the deployment 
period, resin bags were recovered and stored in plastic bags within a cooler. Resins were then removed 
from the bags and extracted for mineral N analysis. Extracts were performed on each subsample using 
100mL 2M KCl, shaken for 1 hour, filtered and analyzed colorimetrically (Alpkem Flow Solution IV 
Automated wet chemistry system; O.I. Analytical, College Station, TX) for ammonium (NH4+) and nitrate 
(NO3-). Available mineral N detected in resin bags was converted to a per area basis assuming resin bags 
intercepted the soil solution over a 5cm effective diameter (Binkley, 1984). 
3.2.6. Maize Biomass and Yield Sampling 
Crop phenology was recorded throughout the growing season (Table 6). We measured plant biomass 
and grain yield once plants had reached physiological maturity. We harvested a 2 m section of the row 
in each plot measuring the wet biomass in the field and collecting three plants per plot for additional 
analysis. Plants were dried at 70°C then weighed. Dry biomass measurements included stalk, leaves, cob 
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and grain. Kernels were dried at 105°C, ground and analyzed for C and N content on a LECO True-Spec 
CN analyzer (Leco Corp., St. Joseph, MI, USA). Grain N uptake was calculated as the grain N content 
multiplied by the grain yield. The harvest index was calculated as the dry mass of grain divided by total 
plant biomass. 
3.2.7. Soil GHG Flux Sampling 
We measured N2O fluxes over the entire growing season using a static chamber - gas chromatography 
(GC) system to capture spatial variability, and an automatic chamber - cavity ring down spectroscopy 
(CRDS) system to capture temporal variability in GHG fluxes across treatments. Static chambers were 
installed in each plot (n=24) whereas automatic chambers were deployed in one plot per treatment 
(n=6). 
3.2.7.1. Static Chamber-GC N2O Sampling 
Vented non-steady state closed chambers built from rectangular aluminum pans (29 cm x 50 cm x 10.2 
cm, 14.79 L) covered by a thin foam layer with reflective surfaces were used for static chambers 
(Livingston & Hutchinson, 1995). Collars and chambers were fitted with rubber seals and clamped 
together during deployment to prevent gaseous losses. The rectangular collars were installed 
perpendicular to the row to cover both the in-row and between-row gas fluxes (Parkin & Venterea, 
2010). N2O samples were collected weekly starting April 14th, 2016 through Sept 22nd, 2016, with more 
intensive sampling following fertilizer application. N2O samples were taken by inserting a 25-mL syringe 
through the sampling port at 0, 15, 30 and 45 mins after the chamber was sealed (Parkin & Venterea, 
2010). Gas samples were transferred from the 25-mL syringe to 12-mL pre-evacuated glass vials with 
butyl rubber septa, then transported to the USDA Agricultural Research Service laboratory in Fort Collins 
for GC analysis. Within two weeks of sampling, N2O concentrations were measured on a fully automated 
GC equipped with an electron capture detector for measuring N2O concentrations. Fluxes were 
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calculated using the linear increase in concentration over the four time points, as CRDS data indicated 
that fluxes increased linearly (see below). Cumulative N2O emissions were calculated using trapezoidal 
integration of the daily N2O fluxes (Parkin & Venterea, 2010).  
3.2.7.2. Automatic Chamber-CRDS GHG Sampling 
The automatic cylindrical chambers used in this study (15.2 cm diameter, 1.97 L) had an integrated 
venting system (eosAC, Eosense, Dartmouth, NS, Canada). Chambers were connected, using 20-30 m of 
2 mm inner diameter PVC gas lines, to a multiplexer unit with a recirculation pump (eosMX, Eosense, 
Dartmouth, NS, Canada), which controlled chamber deployment and gas flow into the GHG analyzer 
(G2508 CRDS Analyzer; Picarro Inc., Santa Clara, CA). The six automatic chambers were positioned in-
row between plants and deployed in series for 30 min with a 5-min flushing period between 
deployments. The unit was operational from April 19, 2016 to Sept 28, 2016 with occasional down 
periods due to field operations, electrical outages or temporary equipment malfunctions. The 
equipment was housed in a wooden shed outfitted with an air-conditioning unit to maintain suitable 
operating conditions. GHG fluxes were computed using the Eoanalyze software (Eosense, Dartmouth, 
NS, Canada), setting a 3-min deadband and applying a linear regression to N2O fluxes and exponential 
regression to CO2 fluxes, as such regressions minimized the error in the flux calculation. 
3.2.8. Data and Statistical Analysis 
Biochar induced N2O emission reductions were calculated as the difference between biochar and control 
treatments then converted to CO2-eq using global warming potentials from the IPCC 5th assessment 
report (Myhre et al., 2013). The standard error for the N2O emission reductions were calculated using 
error propagation. Irrigation water-use efficiency was calculated as the grain yield divided by the 
irrigation water applied. Yield-scaled N2O emissions were calculated as the cumulative N2O emissions 
divided by the grain yield. All response variables were modeled using a linear mixed effect model with 
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biochar amendment and irrigation (and date, for mineral N and soil C analysis) as fixed effects and block 
(and date for average water content analysis) as a random effect when block was a significant factor. 
Where block effects were not significant, a two-factor linear model of amendment and irrigation was 
applied. Where model residuals were non-parametric, exponential or logarithmic transformations were 
applied to the response variables to achieve a normal distribution. Models were then evaluated using 
analysis of variance and pairwise comparisons. Linear regressions were applied to evaluate the 
relationship between average Ks during vegetative growth stages and biomass yield, and average Ks 
during reproductive growth stages and grain yield, fitting an intercept of 0 to the model. All statistics 
were performed in R version 3.3.2 (R Core Team, 2016).  
3.3. Results 
3.3.1. Biochar increased soil moisture but did not reduce crop water stress 
Both biochar (p<0.001) and irrigation treatments (p=0.005) had a significant impact on soil moisture 
over the growing season (Fig. 9). Over the growing season, the biochar amendment increased GWC 
across treatments by 9.7%, and specifically by 7.9%, 7.7% and 12.9% in the Full, Limited irrigation, and 
Drought treatment, respectively. Upon application, biochar amendments decreased the bulk density of 
the control soils from 1.19±0.02 g cm-3 to 1.01±0.03 g cm-3 (p<0.001), resulting in biochar increasing 
total soil porosity from 55% in the control soils to 62% in biochar amended soils upon application. 
Despite the apparent losses of biochar C over the study (as described in section 3.4), bulk density within 
the biochar plots did not significantly change over time. Soil WFPS varied between 7.4% and 53.1% 
throughout the growing season, with biochar amendments significantly increasing the average WFPS 




Fig. 9: Gravimetric water content dynamics throughout the 2016 growing season in the biochar (closed circles) and 
control (open squares) treatments, across the three irrigation regimes (Full, Limited and Drought). Bars above the 
plots represent the period of weekly irrigation water application with darker shading representing conventional 
irrigation rates and lighter shading indicating half such rates. Data are presented as means ± 1 SE (n=4). 
Biochar treatments increased soil field capacity (21.7% GWC) relative to the control (20.2%, p=0.004), 
with no effect of irrigation treatment. Across all treatments, maize experienced greater water stress 
during the reproductive phases as indicated by the water stress coefficient, Ks, where values less than 1 
indicate increasing crop water stress. During the vegetative phases the average Ks value was 0.95, while 
during the reproductive phases it averaged 0.92 (p=0.002; Fig. 10). Irrigation regime significantly 
impacted water stress (p<0.001) where over the growing season the Drought treatments experienced 
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the lowest Ks values averaging 0.91, while Limited irrigation and Full irrigation treatments were subject 
to moderate water stress at 0.94 and 0.96, respectively (Fig. 10). Biochar amendments did not impact 
the water stress coefficient over the growing season. 
 
Fig. 10: Relationship between the average water stress coefficient during the vegetation growth phases (left panel) 
and reproductive growth phases (right panel) and the corresponding yield (biomass yield, left panel; grain yield, 
right panel) by soil amendment (biochar, black; control, light grey) and irrigation treatments (Full, squares; Limited, 
circles; and Drought, triangles; see text for details). Data are presented as means ± 1 SE (n=4). 
3.3.2. Biochar did not improve crop yield or biomass 
Biochar amendments had no significant impact on field-scaled maize biomass, grain yield or harvest 
index, with the latter being on average 0.51±0.05, across all treatments. Irrigation treatments did impact 
both yield (p=0.001) and biomass (p<0.001) but not harvest index. Relative to the Full irrigation 
treatment, the Drought treatment had 36% lower grain yield (p<0.001). The Limited irrigation treatment 
did not significantly affect yields or irrigation water-use efficiency relative to the Full. Irrigation had 
similar impacts on maize biomass. Relative to the Full irrigation treatment, the Drought treatment 
resulted in a 34% decrease in biomass (p<0.001), while there was no significant reduction in biomass 
within the Limited irrigation treatment. Biomass yield was best predicted relative to the average water 
stress coefficient during the vegetative growth phases (slope = 17.95, R2=0.95, p<0.001; Fig. 10) while 
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grain yield was correlated to the average Ks values during the reproductive growth phases (slope = 9.54, 
R2=0.93, p<0.001; Fig. 10). 
3.3.3. Biochar did not impact soil mineral N availability or crop N uptake 
Biochar amendments had no significant impact on either NH4+ or NO3- extracted from resin bags 
deployed throughout the growing season (Fig. 11). Irrigation treatments, month of the growing season, 
and their interactions did significantly impact NH4+ (p < 0.001, p < 0.001, p=0.01, respectively) and NO3- 
(all p < 0.001). Across all treatments, the available NH4+ significantly decreased from June to August (Fig. 
11). In June, all irrigation treatments had similar NH4+ concentrations. In July and August, NH4+ 
availability in the Drought treatment was 93% and 98% (both p <0.001) less than the Full irrigation 
treatments, while the Limited irrigation treatments contained similar NH4+ levels as the Full. In contrast, 
NO3- availability increased over the three months in all treatments, except for the Full irrigation plots 
where August recorded the lowest NO3- levels (Fig. 11). In June, all irrigation treatments showed distinct 
NO3- availability (relative to Full irrigation, Limited irrigation NO3- experienced a 34% decrease and 
Drought a 95% decrease). In July, only the Drought treatment exhibited a 76% decrease in NO3- relative 
to the Full irrigation plots. In August, there were no significant differences in NO3- between irrigation 
treatments. Grain N uptake was not impacted by irrigation regime or biochar amendments, averaging 




Fig. 11: Available mineral N (ammonium (NH4+), top panels; nitrate (NO3-), bottom panels) in the soil solution at 25 
cm depth sampled by month in the biochar amended (black) and control (light grey) treatments, across the three 
irrigation regimes (Full, Limited and Drought). All treatments received a urea ammonium nitrate fertilizer May 13, 
2018 banded at a similar depth. Data are presented as means ± 1 SE (n=4). 
3.3.4. Biochar sequesters C but provides limited GHG benefits from N2O reduction 
Biochar amendments significantly increased soil C both at the initial soil sampling after biochar 
application (May 27th, 2015) and the conclusion of the study (Sept 27th, 2016), but to a much lesser 
extent (Fig. 12). Irrigation regime had no impact on soil C. After sixteen months biochar treatments 
exhibited a 6.3 Mg ha-1 increase in total C relative to the control (p < 0.001), equivalent to a 7.3 Mg ha-1 
or 0.6% by mass biochar application rate. At the 10-30 cm depth, total C remained constant over time 
and by treatment, with no significant change in soil C by date, amendment or irrigation. The coarse 
biochar C fraction decreased from 18.6 to 5.2 Mg C ha-1 over the sixteen-month study period. At the 0-
10 cm depth, biochar treatments significantly increased the soil C fraction by 0.92% C at the initial soil 
sampling (p < 0.001), but showed no difference in soil C content relative to the control at the final 
sampling date. In the biochar treatments some of the soil C fraction consisted of biochar particles 
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fragmented into soil particulate organic matter. Biochar treatments did not significantly impact average 
CO2 fluxes, as sampled by the automatic chamber-CRDS measurements (Fig. A4) 
  
Fig. 12: Total C at the 0-10 cm depth in the biochar and control treatments separated by the coarse biochar C 
(black) and soil C (light gray) sampled after biochar application (5/27/2016) and at the end of year two 
(9/27/2016). There was no biochar effect on total C at the 10-30 cm depth. Data are presented as means ± 1 SE 
(n=4). 
N2O fluxes are reported using the results from the spatially replicated static chamber-GC measurements 
(Fig. 13), while automatic chamber-CRDS measurements (Fig. A5) were used to evaluate N2O flux 
temporal variability. Automatic chamber-CRDS N2O fluxes confirmed that the weekly static chamber-GC 
measurements caught the primary N2O peaks throughout the field season (with peaks defined as N2O 
fluxes exceeding one standard deviation above mean). Automatic chamber-CRDS also verified that static 




Fig. 13: Nitrous oxide fluxes sampled using static chambers and gas chromatography across all plots throughout 
the growing season in the biochar (closed circles) and control (open squares) treatments, across the three 
irrigation regimes (Full, Limited and Drought). Arrows indicate fertilizer application, while bars above the plots 
represent the period of weekly irrigation water application with darker shading representing conventional 
irrigation rates and lighter shading indicating half such rates. Data are presented as means ± 1 SE (n=4). 
N2O fluxes peaked three weeks (June 3rd) after N fertilizer application, dropping below 13.5 g N2O ha-1 
day-1 (one standard deviation above the mean N2O flux) by June 20th and remaining below that threshold 
for the remainder of the field season (Fig. 13). Mean cumulative N2O emissions over the growing season 
ranged from 0.52 to 0.81 kg N2O ha-1 across treatments with the coefficient of variation (CV) ranging 
from 33% to 81% (Fig. 14). In the biochar and control treatments, mean cumulative N2O-N emissions 
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over the growing season comprised 0.36% and 0.43% of the mineral N fertilizer applied. There was no 
statistically significant impact of either biochar or irrigation treatments on cumulative N2O emissions (Fig 
14). Similarly, biochar did not significantly affect yield-scaled N2O emission but trended toward 
decreased yield-scaled emissions across treatments (Fig. A6). 
 
Fig. 14: Cumulative nitrous oxide emissions interpolated over the 
2016 growing season (April 14 to Sept 22) using static chamber 
data in the biochar (black) and control (light grey) treatments, 
across the three irrigation regimes (Full, Limited and Drought). 
Data are presented as means ± 1 SE (n=4). 
3.4. Discussion 
3.4.1. Biochar effects on soil moisture and soil field capacity 
Biochar amendments significantly increased soil water content and field capacity in this study, which can 
largely be attributed to the 15% decrease in soil bulk density, increasing the total porosity of the soil 
(Basso et al., 2013; Suliman et al., 2017). However, numerous factors regulate the degree to which 
biochar impacts soil water retention, including soil texture, biochar pore size distribution and biochar 
surface chemistry (Gray et al., 2014; Omondi et al., 2016; Sun et al., 2012). Biochar amendments show 
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the greatest improvement in available water content in sandier soils (Dan et al., 2015; Omondi et al., 
2016), however, in this clay loam soil, biochar amendments still resulted in a 7.5% increase in field 
capacity. The increased water content at higher matric potentials (i.e. field capacity) is largely driven by 
biochar’s increased macro-porosity (Sun et al., 2013). Biochar’s macro-porosity is well correlated with 
feedstock selection due to retention of the cellular structure of the feedstock (Gray et al., 2014). Woody 
biomass, composed of tracheids or vessels, retains much of this tubular structure during pyrolysis and 
results in greater biochar macro-porosity (Sun et al., 2012). At lower matric potentials, where water 
content is largely regulated by micro- and nano-porosity, biochar surface chemistry becomes a greater 
control due to the hydrophobic or hydrophilic nature of surface functional groups (Gray et al., 2014). 
Many studies indicate biochar has no impact on soil wilting point at the 2.1% application rate used in 
this study (Abel et al., 2013; Andrenelli et al., 2016; Hardie et al., 2014; Sun et al. 2013). However, some 
research indicates a small biochar-induced increase in the wilting point of the soil of 0.28% VWC for 
each percent increase in the biochar application rate (Suliman et al., 2017; Bruun et al., 2014). Thus, 
with minimal impacts on the wilting point and increased field capacity, biochar can increase soil 
available water content (Abel et al., 2013; Andrenelli et al., 2016; Bruun et al., 2014; Suliman et al., 
2017).  
Biochar may increase water retention throughout the field season but its agronomic value is better 
reflected in its ability to decrease crop water stress. The water stress coefficient Ks is a widely used proxy 
for crop water stress, based on the available water in the rooting zone relative to crop water demands 
from evapotranspiration (Allen et al., 1998). Ks was higher during the vegetative stages (V1-VT; Table 6) 
resulting in less water stress compared to the reproductive stages (R3-R4) when water is critical for grain 
filling (Payero et al., 2009). The Drought treatments experienced the lowest Ks values indicating 
increased stress. This stress was not significantly alleviated by the increased water content in the 
biochar treatment (Fig. 10).  As the water stress coefficient is a function of both the current soil 
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moisture and water deficit, it better assesses crop water requirements relative to water available in the 
soil profile. While biochar increased the field capacity, it also increased the available water content, 
which is proportionally related to management allowable depletion. Thus, biochar treatments required 
higher water contents to satisfy crop demands resulting in insignificant changes to Ks. Woody biochar 
may improve water retention, but without specifically tailoring the irrigation timing and amounts to 
account for such impacts, soil moisture may still drop below the management allowable depletion and 
continue to result in crop water stress.  
3.4.2. Biochar and deficit irrigation effect on grain and biomass yield 
Drought irrigation treatments, where irrigation was reduced by 50%, resulted in greater water stress 
and lower yields during both the vegetative and reproductive growth phases (Fig. 10). The Limited 
irrigation treatments, where irrigation was stopped during vegetative growth stages, did not impact 
yields, highlighting one strategy to improve irrigation water-use efficiency (Foster et al., 2016; Geerts & 
Raes, 2009). However, the modest water savings from the Limited irrigation treatment (8.3 cm) did not 
significantly increase irrigation water-use efficiency relative to the Full irrigation treatment. Grain yields 
are less impacted by such Limited irrigation treatments, because maize tends to be more sensitive to 
water stress during the reproductive growth phases as grain fill occurs (Payero et al., 2009). 
Despite water retention improvements, neither grain nor biomass yields in either deficit irrigation 
treatments were significantly improved by the biochar amendment. The two deficit irrigation 
treatments did reduce mineral N availability in the soil (Fig. 11) or impact grain N uptake, indicating N 
limitation did not drive the reduction in yields under deficit irrigation treatments. A similar biochar 
induced increase in soil moisture without yield impacts has been shown in maize (Haider et al., 2017), 
sunflower (Pfister & Saha, 2016), and other cropping systems (Tammeorg et al., 2014). Haider et al. 
found similar results of increased water content but no yield impacts in a 4-year field study (2017) yet in 
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a similar pot study, they saw a yield impact correlated to increased soil moisture (2014). Across 
treatments, the average water stress coefficient proved to be well correlated with yields. Fig. 10 
illustrates how biochar’s minor improvement in Ks only slightly increased the relevant yield in 
accordance with the regression. In this study, the standard deficit irrigation treatments (i.e. a temporary 
drought period or severely reduced irrigation amounts) were not tailored to biochar’s improved water 
holding capacity, resulting in periods of crop water stress. By better monitoring such periods of crop 
water stress and managing deficit irrigation treatments with biochar’s improved water retention, 
producers may be able to reduce water inputs while maintaining yields. 
Other hydraulic factors beyond water holding capacity or the water stress coefficient may also influence 
the system. Despite the majority of water uptake in maize occurring at a depth of 5 to 20 cm 
(Asbjornsen et al., 2008), soil moisture dynamics below the 10 cm sampling depth may have been 
impacted by increased water retention in the upper soil layers. A recent meta-analysis indicates biochar 
generally increases soil saturated hydraulic conductivity, which could influence soil water dynamics 
deeper in the profile potentially altering root growth and root water uptake (Omondi et al., 2016). 
Future research of biochar effects on soil moisture dynamics along the soil profile may help explain why 
the increased soil moisture in the upper soil layers did not result in yield benefits for deficit irrigation 
treatments.  
3.4.3. Biochar effects on N availability 
Despite hypotheses of biochar’s increased surface area and cation exchange capacity improving N 
retention and delivery to crops (Clough et al., 2013), in this maize system, we found biochar had no 
impact on mineral N availability in the rooting zone (Fig. 11) or grain N uptake. These results confirm 
findings in similar temperate maize systems where no improvement in N uptake with biochar 
amendments were observed (Güereña et al., 2013; Haider et al., 2017), while others reported a pine 
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wood biochar improved maize yields at higher fertilization rates (Brantley et al., 2015). While numerous 
studies cite biochar’s ability to decrease N leaching (Nguyen et al., 2017), an average 4.2% of fertilizer N 
applied was intercepted in this clay loam soil by the ion exchange resins over the 3-week period they 
were deployed. Such interception of mineral N is low relative to the global 15% average loss of fertilizer 
N to NO3- leaching in maize systems (Zhou & Butterbach-Bahl, 2014). This low movement of mineral N 
through the soil profile indicates no significant mineral N leaching for biochar to alleviate. 
3.4.4. Biochar effects on GHG emission reductions and C sequestration 
3.4.4.1. Biochar impacts on C sequestration and mobility 
While much of the biochar was recovered in the coarse particulate fraction at the end of the study, 
there was a surprising loss of 21.9 Mg C ha-1 from the system, with 61% of the loss from the coarse 
biochar C fraction and 39% from the soil C fraction. Biochar particles at the surface may be increasingly 
susceptible to wind erosion when soil GWC < 15% (Silva et al., 2015). Wind erosion may explain the 
significant loss of biochar C in both fractions at this field site. In this study 37% of days experienced wind 
speeds greater than 5 m s-1, a threshold sufficient to move larger biochar particle sizes >0.6 mm (Silva et 
al., 2015). At the same field site, a pine wood biochar produced using fast-pyrolysis with a particle size of 
0.25 to 3 mm particle size was disk tilled in the fall of 2013 to a similar depth, and did not result in a 
similar loss of C after one season (Foster et al., 2016). The smaller particle size and fall application with a 
winter snow cover may contribute to decreased susceptibility to erosion. 
Other potential C losses may come from microbial decomposition or C transport through the soil profile. 
Biochar’s recalcitrant aromatic structure prevents microbial mineralization over short timeframes 
(Lehmann, 2007; Spokas, 2010). When soils from this site were incubated with the same biochar under 
laboratory conditions, biochar did not increase soil respiration (Ramlow & Cotrufo, 2017). Similar to 
other field studies exploring biochar impacts on CO2 fluxes (Liu et al., 2016),  automatic chamber-CRDS 
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CO2 measurements confirmed that biochar did not significantly impact CO2 fluxes (Fig. A4). Biochar’s 
ability to increase hydraulic conductivity (Omondi et al., 2016) may also result in the delivery of highly 
fragmented biochar particles deeper in the soil profile (Major et al., 2010; Obia et al., 2017). However, in 
this water limited system, such leaching is unlikely. No coarse biochar was recovered in the 10-30 cm 
depth and biochar amendments did not significantly increase soil C at this depth, indicating that biochar 
C was not fragmented and displaced lower in the soil profile after tillage events.  
3.4.4.2. Biochar impacts on N2O emissions 
While biochar effects on cumulative N2O emissions over the growing season were not significant, the 
trend of decreased cumulative N2O emissions in biochar treatments (Fig 14) is consistent with a 11.5% 
N2O emission reduction reported across biochar field studies in upland agricultural systems (Verhoeven 
et al., 2017). Biochar’s low N2O emission reductions in this study relative to a lab incubation using the 
same soil (Ramlow & Cotrufo, 2018) may be due to drier field conditions that are less favorable to N2O 
production, variable soil structure affecting water and gas transport, or more heterogenous biochar 
application in the field (Cayuela et al., 2014; Verhoeven et al., 2017). Applying best N management 
practices coupled with crop N uptake, which many lab incubations do not account for, may also 
significantly reduce the excess mineral N available for N2O production, leading to lower biochar N2O 
mitigation potentials in the field (Venterea et al., 2012). Compared to the predicted emission factor of 
0.83% of N fertilizer applied resulting in N2O emissions, determined using a global N2O emission factor 
regression (Shcherbak et al., 2014), this site experienced lower N2O emissions with an emission factor of 
0.43% in the control plots. The relatively high CV for each treatment observed in this study is not 
uncommon in the N2O literature with other studies with greater spatial replication reporting similar CVs 
(Turner et al., 2016).  
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A variety of mechanisms for biochar-induced N2O reductions in the field have been reported including; 
biochar increasing pH to enhance complete denitrification of N2O to N2 (Obia et al., 2015; van Zwieten et 
al., 2014), biochar improving aeration to reduce net denitrification (Saarnio et al., 2013) and biochar 
reducing N2O diffusion rates allowing for more complete denitrification (Harter et al., 2016; Quin et al., 
2015). In these calcareous soils with a pH of 7.99 any biochar pH effect would be minimal, yet biochar 
plots still trended towards deceased N2O emissions. Both biochar and control treatments resulted in 
lower WFPS across irrigation regimes (7 to 53% WFPS), within the range where nitrification would be the 
primary source of N2O (Baggs & Bateman, 2005), and nitrification was evident by the decrease in NH4+ 
coupled with accumulation of NO3- (Fig. 11). Thus biochar would not have improved soil aeration to 
decrease denitrification-derived N2O emissions, which lab incubations have shown can be a factor at 
moderately anaerobic soil moisture regimes (Case et al., 2012; Ramlow & Cotrufo, 2017). Biochar’s N2O 
sorption capacity (Cornelissen et al., 2013; Quin et al., 2015) may allow for N2O entrapment in biochar 
pores allowing for the complete reduction of N2O to N2 during denitrification within anaerobic soil 
microsites (Harter et al., 2016). If these physical explanations are the primary mechanism for biochar’s 
N2O reduction potential, the heterogeneous soil structure across field sites could help account for the 
wide spatial variability and lower biochar N2O reduction in the field relative to lab incubations. 
3.5. Conclusions 
Despite improving soil water retention and maintaining greater soil moisture content throughout the 
growing season, woody biochar amendments did not improve maize biomass or grain yields in deficit 
irrigation treatments. The strong correlation between the average water stress coefficient and yield 
indicates that biochar’s increased capacity to retain water did not alleviate crop water stress during 
critical growth stages. To achieve significant yield increases in deficit irrigation systems, biochar 
manufacturers could engineer biochars to maximize plant available water in soils and producers could 
adjust irrigation scheduling or target areas with low water holding capacity to best utilize biochar’s 
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improved water retention. Biochar amendments had no significant impact on N cycling as evidenced by 
no changes in mineral N availability within the rooting zone or grain N uptake. In terms of environmental 
benefits, this study highlighted the mobility of coarse biochar C, which can be an important factor when 
monitoring in situ C sequestration. Biochar impacts on N2O emissions were inconclusive, with trends 
toward decreased cumulative N2O emissions across irrigation regimes similar to other field studies. 
Limited irrigation treatments also showed insignificant, but similar, potential for N2O reduction and 
modest improvements in irrigation water-use efficiency. Overall, in this maize system, biochar 
demonstrated limited agronomic but some environmental benefits. This experiment underlined the 





4. PROMOTING REVEGETATION AND SOIL CARBON SEQUESTRATION ON DECOMISSIONED 
FOREST ROADS IN COLORADO, USA: A COMPARATIVE ASSESSMENT OF ORGANIC SOIL 
AMENDMENTS3 
4.1. Introduction 
Forest lands in the United States contain a vast network of unpaved roads that increase sediment 
delivery to streams (Reid & Dunne, 1984), alter hillslope hydrology (Eastaugh et al., 2008) and create 
habitat fragmentation (Robinson et al., 2010; Trombulak & Frissell, 2001).  Road construction and 
maintenance activities are primary sources of sediment to forest streams (Megahan & King, 2004), and 
sediment delivery rates from road surfaces can equal those from severely burned hillslopes (MacDonald 
& Larsen, 2009). One strategy to minimize the watershed effects of unpaved roads is to decommission 
underutilized roads and those located on sensitive soils, riparian and habitat areas (Madej, 2001; 
Switalski et al., 2004). The US Forest Service has widely adopted this strategy, decommissioning 2,500 to 
8,000 km of forest roads each year (Coghlan & Sowa, 1998; Forest Service, 2010). Road 
decommissioning includes a wide variety of treatments such as gating and blocking roads, decompacting 
and obliterating road prisms, recontouring hillslopes and revegetating road corridors (Bagley, 1998). 
Revegetation of decommissioned roads benefits watershed conditions and native plant diversity where 
it minimizes soil erosion, improves native plant cover and reduces or prevents invasion of non-native 
plants (Elseroad et al., 2003; Swift, 1984; Switalski et al., 2004). Intensive treatments, such as 
decompaction and addition of amendments, may simultaneously enhance revegetation and soil C 
sequestration. Organic soil amendments influence revegetation and C sequestration via numerous, 
interacting physical, chemical and biological processes (Fig. 15), that must be evaluated to increase 
understanding of treatment efficacy and inform sound management decisions.   
                                                          
3 Ramlow, M., Rhoades, C.C., Cotrufo, M.F. (2018). Promoting revegetation and soil carbon sequestration on 
Decommissioned forest roads Colorado, USA: A comparative assessment of organic soil amendments. Forest 





Fig. 15: Conceptual diagram depicting how organic soil amendments can impact revegetation and soil C 
sequestration through substrate flows of C, N and H2O (black arrows), physical/chemical processes (light grey 
arrows) and microbially-mediated processes (grey arrows). Soil amendments can affect physical/chemical 
processes regulating soil water and N availability (with +/- indicating the direction of the effect) by increasing soil 
water holding capacity or decreasing evaporation (1) and increasing the soil exchange capacity to retain mineral N 
(2). Amendments can also impact soil microbial activity by directly affecting mineral N availability through gross N 
immobilization (3) or N mineralization (4), directly supplying C which can be microbially-processed and stabilized to 
mineral surfaces to sequester C (5) or respired (6), or indirectly influencing soil moisture or temperature. 
Plant recovery on closed forest roads is often limited by compacted soils, reduced seed bank, low soil 
organic matter (SOM) stocks, poor soil moisture water retention and decreased nutrient cycling 
(Elseroad et al., 2003). Low soil moisture can limit plant establishment, especially in arid and semi-arid 
ecosystems (Aronson et al., 1993). The low SOM on forest roads, reduces soil water retention, especially 
in rocky and coarse-textured forest soils (Rawls et al., 2003).  Low SOM also results in limited substrates 
available to supply mineral N to plants through N mineralization (Booth et al., 2005). Soil structure is 
also important for revegetation with numerous studies demonstrating that alleviating compaction 
through mechanical ripping or biological activity enhance revegetation efforts (Alban et al., 1994; 
Ampoorter et al., 2011; Greacen & Sands, 1980). Decommissioned roads are typically seeded to 
facilitate rapid plant establishment to reduce erosion and invasion by non-native plants and provide 
habitat and forage for wildlife (Grant et al., 2011). However, after decompaction and seeding, SOM 
stocks may remain low relative to native soil (i.e., 30% lower (Viall et al., 2014)), suggesting that organic 
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amendments that increase soil water, N and C content may more quickly or effectively meet 
revegetation objectives.   
Soil amendments that persist over longer timespans (i.e. wood strand mulch or biochar), can improve 
soil water availability by increasing soil porosity, increasing the amount of water held at field capacity 
and decreasing soil evaporative losses. Mulching is commonly used to reduce surface erosion (Foltz, 
2012; Sosa-Pérez & MacDonald, 2017), but may also benefit plant establishment by improving soil water 
retention (Benigno et al., 2013). Woody mulches made from forest residues have been shown to 
increase soil water content in post-fire rehabilitation treatments while utilizing non-merchantable 
materials and reducing surface fuels (Rhoades et al. 2015 & 2017). Biochar, the product of biomass 
pyrolysis, may provide an alternative restoration treatment that can also be sourced from forest 
residues. Biochar has been shown to improve soil water retention by increasing soil porosity and surface 
area (Omondi et al., 2016), with numerous studies in forest soil revealing increased soil water-holding 
capacity after biochar application (Li et al., 2018). 
Most forest ecosystems are N limited, and the low SOM content typical of decommissioned roads is 
likely to depress soil N availability and plant growth. Organic soil amendments can supply mineral N to 
enhance plant growth, but N in excess of plant demands can increase N losses to nearby waterways 
(Venner et al., 2009) or encourage competition from invasive plants (Davis et al., 2000).  Organic 
fertilizer with low C:N ratios gradually release mineral N though mineralization. Compared to inorganic 
fertilizers, these organic amendments slowly deliver N over time. However, compared to recalcitrant 
organic amendments, the N supply from organic fertilizers is relatively short-lived.  Recalcitrant organic 
amendments with high C:N ratios (e.g., wood strand mulch and biochar) are more likely to immobilize 
soil mineral N (Bulmer, 2000) and temporarily reduce plant available N before releasing mineral N via 
mineralization (Rhoades et al., 2012 & 2017). Amendments can also affect soil chemical properties. 
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Biochar’s high surface area and ion exchange capacity is known to increase soil N retention (Biederman 
& Harpole, 2013). Combining labile and recalcitrant organic amendments may provide water retention 
benefits and slow N release from high C:N material, but also ensure sufficient plant available N to 
support rapid revegetation of recently-decommissioned roads. 
Organic soil amendments also contribute organic matter to fuel microbially-mediated processes and 
sequester soil C. As organic amendments decompose, a fraction of the C input is utilized by soil microbes 
to produce secondary compounds that can form associations with soil minerals and persist in soils for 
decades to centuries (Grandy & Neff, 2008). In contrast, biochar amendments add highly-recalcitrant 
condensed polyaromatic C compounds to soil that resist microbial processing (Cross & Sohi, 2011), 
retain their porous structure and sequester C in soils for centuries (Spokas, 2010; Wang et al., 2016). 
Organic fertilizers and mulches are commonly used to support revegetation of decommissioned forest 
roads, yet little is known about how their effects on chemical, physical and microbial soil processes may 
determine treatment efficacy.  In this study, we examine organic fertilizer and wood strand mulch 
applications currently used to restore forest roads in Northern Colorado, as well as a woody biochar 
treatment, and combinations of the amendments. We expect soil amendments to have the greatest 
positive effect on revegetation and soil C sequestration of decommissioned roads when they reduce soil 
water, mineral N and SOM limitations (Fig. 15).  We hypothesize: 
1) Soil amendments, applied at rates commonly used in restoration practices, will impact 
revegetation and soil C sequestration on decommissioned forest roads through different 
processes: 
Organic fertilizer can support revegetation by providing a short-term increase in N 
availability through N mineralization, but with no impact on soil moisture. Low C:N fertilizers 
will not significantly increase SOM content, thus will not sequester C.  
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Wood strand mulch can support revegetation primarily by increasing soil water content 
with mixed effects on mineral N; limiting N availability in the short-term due to its high C:N 
ratio leading to N immobilization, but supplying N through N mineralization in the long-
term. Mulch can supply organic matter to support microbially-mediated process resulting in 
some soil C sequestration, but also increased soil respiration. 
Woody biochar can support revegetation by increasing soil water content through increased 
porosity and increasing mineral N availability through enhanced soil ion exchange capacity. 
Biochar will sequester C in the particulate form and will not affect soil respiration or 
significantly increase the mineral soil C. 
Combination treatments can support revegetation through synergistic effects of biochar 
and mulch improving soil moisture and the addition of fertilizer decreasing short-term N 
limitation in the mulch and biochar treatments. Fertilized biochar treatments are expected 
to retain the most fertilizer N in the short term. The combined biochar and mulch treatment 
will have the greatest soil C sequestration potential from biochar’s recalcitrance and 
contributions of mulch C to the mineral soil fraction. 
2) Soil amendments will facilitate sustained soil restoration if they support the physical, chemical 
or biological processes that improve water and/or N availability to plants. Amendments that 
only contribute substrates to the soil will only provide short-term benefits.  
The results of this study can have important implications for understanding how a variety of organic soil 
amendments and their combinations applied at standard rates alter soil processes that influence initial 
revegetation and C sequestration on recently-decommissioned forest roads.   
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4.2. Materials and Methods 
4.2.1. Study Site and Experimental Design 
To evaluate how various organic soil amendments impact revegetation and soil C sequestration on 
decommissioned forest road, we selected four (50-80 m long) road sections on the Arapahoe-Roosevelt 
National Forest near Red Feather Lakes, CO. Within the study area, average temperature ranged from 
3.7 to 5.6°C, with 429 to 491 mm rainfall (30-year normal, 1981-2010; PRISM Climate Group, 2017), and 
soils are characterized as Eutroboralfs, Argiborolls or Haploborolls (NRCS, 2017) with a gravelly to very 
gravelly loam texture (33-41% gravel, 27-30% sand, 26-31% silt, 4-12% clay). Roads were decompacted 
in October 2014 to a 30 cm depth using a three-tined mechanical ripper. Each road segment contained 
seven 3m x 5m plots with a 1m buffer between plots. Within each road segment we randomly assign 
each of the seven treatments (an unamended control, organic fertilizer, wood strand mulch, woody 
biochar and their pairwise combinations). Each plot contained two 1 m2 squares reserved for plant cover 
and biomass sampling, and eight designated locations for destructive soil sampling >0.5 m from the plot 
edge. On Oct 16th, 2014, woody biochar, where applicable, was applied at a rate of 25 Mg ha-1 
(equivalent to a 2.1% by mass application rate) on the soil surface, and organic fertilizer, where 
applicable, was broadcast across the plot delivering 16 kg of N ha-1. All plots were turned over to a 15 cm 
depth using hand tools to incorporate biochar, where applicable, and break up soil clods. Plots were 
then seeded with 1.5 g m-2 of a native seed mix of grasses, forbs and shrubs and the seeds and fertilizer, 
where applicable, were covered with soil by tamping the soil surface with leaf rakes. Wood strand 
mulch, where applicable, was applied Oct 18th, 2014 at a rate of 12.3 Mg ha-1 to achieve 50-70% 
coverage. 
4.2.2. Materials 
All the amendments used in this study are commercially available. The organic fertilizer, Biosol Forte®, 
was produced from a fermented soy media used in penicillin production (Table 8). The woody biochar 
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was produced by Biochar Now (Berthoud, CO) from a beetle-killed lodgepole pine feedstock, and was 
analyzed by Hazen Research, Inc. (Golden, CO) in accordance with International Biochar Initiative 
protocols (Table 8). Wood-strand mulch was sourced from beetle-killed lodgepole pine feedstocks and 
supplied by Mountain Pine Manufacturing (Table 8). 
Table 8: Organic amendment physical and chemical properties 
Description Organic Fertilizer Wood-Strand Mulch Biochar 
Feedstock Soybean and cottonseed 
meal 
Beetle-killed lodgepole pine Beetle-killed lodgepole pine 
Production Fermented media for 
fungal growth, dried 
Biomass shredded, baled 
and air-dried 
Slow pyrolysis, 550°C max 
temp 
Size 2-4 mm granules 6-16 x 0.5 x 0.25 cm strands Sieved to >3mm 
Application Rate 16 kg N ha-1 12.3 Mg ha-1 25 Mg ha-1 
Organic C (%) 35 52 86 
H:Corg (molar ratio) - - 0.35 
C:N (mass ratio) 5 556.0 478.8 
pH 6.1 4.8 8.5 
4.2.3. Cover and Biomass 
Plant revegetation was evaluated using plant canopy cover and above- and belowground biomass. Cover 
was assessed in July of 2015, 2016 and 2017 by measuring plant canopy cover using a gridded point-
intercept method in 1 m2 sample quadrats, identifying plant species by functional groups; graminoids, 
forbs and shrubs.  We clipped aboveground biomass on 0.5 m2 sections of one of the quadrats in July of 
2016 and 2017, dried samples at 60°C for 48 hour and separated samples into aforementioned plant 
functional groups. We sampled belowground biomass in the 0-15 cm and 15-30 cm soil depths from soil 
pit sampling described below (Section 2.7). Coarse root biomass was physically separated on a 4 mm 
sieve, rinsed in distilled water then dried at 110°C for 24 hours. 
4.2.4. Soil Moisture 
Soil moisture content was evaluated across treatments by sampling soil volumetric water content (VWC) 
7-12 times throughout the growing season each year of the study using a hand-held time domain 
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reflectometry probe (CD 620, HydroSense Campbell Scientific, Logan, UT). Average VWC was 
composited from 5 measurements per plot taken in the 0-10 cm depth. Periodically (n=129), we 
collected soil samples in conjunction with VMC measurements and determined gravimetric water 
content (GWC) to develop a relation that allowed conversion of VMC measurements to GWC.  Soils 
sampled for GWC analysis were collected from a 0-10 cm depth, transported to the lab in a cooler, and 
GWC was determined by oven drying a 15-20 g soil subsample at 110 °C for 24 hours.  Soil moisture 
measured as VWC explained most of the variability in GWC (R2 = 0.89) across the range of soil moisture 
encountered (1-20%) in our study. When calculating annual average GWC, only measurements from 
months sampled in all three years were included in the calculation.  
4.2.5. Mineral Nitrogen Sampling 
To determine soil mineral N availability, we used a combination of time-integrated ion exchange resin 
(IER) bag sampling and soil mineral N extracts at discrete points in time. In each plot, two IER bags were 
buried at a 10 cm depth in mineral soil and deployed for the winter (Oct to May) of 2014-2015, 2015-
2016 and 2016-2017, and summer (May to Oct) of 2015, 2016 and 2017. Resin bags contained a 1:1 
mixture of cation (Sybron Ionic C-249, Type 1 Strong Acid, Na+ form, Gel Type) and anion (Sybron Ionic 
ASB-1P Type 1, Strong Base OH- form, Gel Type) exchange resin beads. IER bags were removed from the 
field and the recovered resins were extracted with 100 mL 2M KCl, shaken for one hour, filtered and 
frozen until analysis (Binkley & Matson, 1983). Time point samples for soil mineral N were extracted in 
October each year from the initial soils used for net mineralization assays (described below). Nitrate and 
ammonium concentrations of the extracts were measured by spectrophotometry using a flow injection 
analyzer (Lachat Company, Loveland, CO) in 2015 and 2016. In 2017 extracts were analyzed 
colorimetrically for nitrate and ammonium (Alpkem Flow Solution IV Automated wet chemistry system, 
O.I. Analytical, College Station, TX). 
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4.2.6. Carbon and Nitrogen Mineralization Assays and Soil pH 
A 14-day aerobic mineralization assay was conducted each year to evaluate soil microbial respiration, 
potential N mineralization and potential nitrification, along with soil pH, modified from Stanford & Smith 
(1972) as described below. In October of 2014, 2015, 2016 and 2017, a soil sample was collected from 
each plot to a 10 cm depth using a bulb corer, and stored in a cooler during transport to the lab. After 
sieving to 2 mm, three soil subsamples were taken from each core: 1) a 20 g subsample for determining 
initial mineral N concentration; 2) a 20 g subsample for an aerobic C and N mineralization incubation; 
and 3) a 10 g subsample for soil pH. The incubated subsample was wetted to 60% field capacity and 
incubated for 14 days at 25°C in air-tight, quart-sized Mason jars with rubber septa for gas sampling. 
During the incubation, soils were periodically sampled for CO2 concentration using an infrared gas 
analyzer (LI 6252, LI-COR, Lincoln, NE). Jar headspace was flushed and samples rewetted after seven 
days to prevent CO2 from accumulating over 1%. Cumulative CO2 was calculated by summing the 
changes in CO2 concentration between sampling points over the 14-day incubation. 
Initial and incubated soil subsamples were extracted with 2M KCl at a 5:1 ratio (extract:sample), shaken 
for one hour, filtered, and analyzed colorimetrically for ammonium and nitrate (Alpkem Flow Solution IV 
Automated wet chemistry system, O.I. Analytical, College Station, TX). Potential N transformations were 
calculated as follows:   
Potential N Mineralization = (NH4+-N + NO3--N)Final - (NH4+-N + NO3--N)Initial / Days (1) 
Potential Nitrification = (NO3--N)Final - (NO3--N)Initial / Days (2) 
Soil pH was determined on a 1:1 (deionized water:sample) solution shaken for one hour and analyzed 




4.2.7. Soil Total Carbon and Nitrogen and Bulk Density 
To assess treatment impacts on C and N stocks and bulk density immediately after application and over 
time, soils were sampled two weeks after incorporating the treatments in October 2014, after the first 
winter in June 2015 and two years later in August 2017. Soil samples were excavated from a 20 x 20 cm 
soil pit at designated soil sampling locations to a 0-15 and 15-30 cm depth and stored in a cooler during 
transport to the lab. To estimate bulk density, pit volume was estimated using the method of Boot et al. 
(2015), filling the excavated soil pit with sterilized millet seeds and measuring the millet volume. Field 
moist soils were weighed upon arrival to the lab and GWC determined by oven drying a 15-20 g soil 
subsample at 110 °C overnight. After air-drying, samples were sieved to the coarse (>2 mm) and soil (<2 
mm) size fractions. Coarse fragments, including rocks, litter, roots, mulch and biochar particles, were 
physically separated to derive the proportional mass of the coarse fraction.  Dry weights for coarse 
mulch and biochar particles were determined after oven drying at 110 °C overnight. The C and N content 
of coarse biochar and mulch particles was determined from their C and N concentrations (Table 8) and 
dry weight. For bulk soil total C and N measurements, oven-dried 2 mm sieved soils were pulverized and 
analyzed on a LECO True-Spec CN analyzer (Leco Corp., St. Joseph, MI, USA). Total mineral soil C stock 
was calculated using the hybrid bulk density approach of Throop et al. (2012), based on the mass of the 
fine earth fraction (<2 mm) and volume of the entire core. 
4.2.8. Statistical Analyses 
Treatment effects were analyzed on the following response variables: plant canopy cover, aboveground 
biomass, belowground biomass, soil bulk density, soil total C and N content, GWC, mineral N from IER 
and soil extracts, soil respiration, potential N mineralization and nitrification, and soil pH. All response 
variables were modeled using a mixed effect model (lme4 R package) with treatment and year as fixed 
effects and road segment blocks (and date for GWC or season for IER mineral N analysis) as a random 
effect. To account for repeated measures in the plant cover measurements, within plot variability was 
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treated as a random effect. Where model residuals were non-parametric, exponential or logarithmic 
transformations were applied to the response variables to achieve a normal distribution. Models were 
evaluated using Dunnet’s test (multcomp R package) to determine significant treatment effects relative 
to the control. We examined overall fertilizer, mulch and biochar effects using one-way analysis of 
variance (stats R package) of the three treatments containing the relevant amendment relative to the 
comparable set of three treatments that did not receive the relevant amendment. To evaluate which 
soil factors had the greatest controls on revegetation, we used additive multiple linear regression 
models to evaluate the relationship between the measured soil properties, treatments and year to total 
plant cover, total plant aboveground biomass and belowground biomass. The best fit model was 
selected based on the Akaike information criterion (AIC) corrected for small sample sizes (MuMin R 
package) to determine the best soil predictors of plant response. All statistics were performed in R 
version 3.3.2 (R Core Team, 2016) with significance accepted at p=0.10. 
4.3. Results 
4.3.1. Cover and Biomass 
Total plant canopy cover varied by year (p<0.01), where, across treatments, 2015 experienced the 
greatest total canopy cover averaging 43%, while the drier 2016 experienced much less cover at 24%, 
then cover rebounded to 37% in 2017. Fertilizer amended plots increased total plant cover by 21% 
(p=0.08) relative to unamended treatments, but mulch (p=0.12) and biochar amended plots did not 
significantly affect cover (Fig. 16a). However, considering the individual treatments relative to the 
control, the fertilized mulch (43%, p=0.02), fertilized (41%, p=0.04) and mulch (44%, p=0.06) treatments 
all significantly increased plant cover with no effect in any of the biochar treatments (Fig. 16d).  
Graminoids averaged 27% cover (77% of total plant cover), followed by forbs at 7% cover (20% of total 
plant cover) and shrubs with 1% cover (3% of total plant cover), across years and treatments. Average 
graminoid cover across treatments varied between years (p<0.01), while forb canopy cover steadily 
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increased from 6% to 8%, and shrub cover did not change over time (Fig. A7). Most of the response to 
treatments and annual changes were explained by changes in graminoid cover, with increased 
graminoid cover relative to the control in the mulch (81%, p<0.01), fertilized (73%, p<0.01), fertilized 
mulch (58%, p=0.02), and mulched biochar (57%, p=0.06) treatments, and no significant treatment 
response in forb or shrub canopy cover (Fig. A7). 
Across treatments, average aboveground plant biomass increased from 2016 (9.2 g m-2) to 2017 (12.9 g 
m-2; p<0.01). While none of the effects were significant due to the high between site variability, 
aboveground biomass responded similarly to plant cover, where treatments receiving organic fertilizer 
and mulch tended to increase aboveground biomass relative to the unamended treatments, while 
biochar tended to slightly reduce plant biomass (Fig. 16b). Relative to the unamended plots, mulch 
(78%, p=0.02) and fertilizer (67%, p=0.09) amendments significantly increased root biomass, while 




Fig. 16: Mean plant cover, aboveground biomass and belowground biomass for the amendments across years (Fig. 
16a, 16b, 16c) and for each of the individual treatments by year (Fig. 16d, 16e, 16f). Amendments represent the 
three-year mean value of the 3 treatments containing the amendment vs the respective 3 unamended treatments. 
Error bars display one standard error, with significance effects across the three years denoted by + relative to the 
unamended plots and * relative to the control treatment. 
4.3.2. Soil Moisture 
Across treatments, 2015 experienced higher average annual soil moisture (7.3% GWC, p<0.01) than 
2016 (5.5% GWC) and 2017 (5.7% GWC). Annual soil moisture patterns reflected precipitation inputs, 
where 2015 received 567 mm, 24% greater than the 30-year normal (456 mm), whereas 2016 received 
73 
 
less at 426 mm and 2017 received 535 mm (PRISM Climate Group, 2017). Over the growing season, soil 
moisture content tended to decrease, reaching relatively dry values <5% GWC by July except after rain 
events (data not shown). Relative to the unamended plots, biochar (26%, p<0.01) and fertilizer 
amendments (10%, p<0.01) increased average GWC, while mulch had no significant effect (Fig 17a). 
Over the three growing seasons among the individual treatments relative to the control, the mulched 
biochar treatment had the greatest increase in GWC (44%, p<0.01) followed by the fertilized biochar 
treatment (27%, p<0.01; Fig. 17b). The mulch only (-17%, p<0.01), fertilized mulch (-26%, p<0.01) and 
biochar only (-14%, p=0.09) treatments all decreased average GWC relative to the control (Fig. 17b). 
Such treatment effects remained consistent across soil water contents (Fig. 18). 
   
Fig. 17: Gravimetric water content (GWC) averaged over the growing season for the amendments across years (Fig. 
17a) and for each of the individual treatments by year (Fig. 17b). Amendments represent the mean value of the 3 
treatments containing the amendment vs the respective 3 unamended treatments. Error bars display one standard 
error, with significance effects across the three years denoted by + relative to the unamended plots and * relative 
to the control treatment.  
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Fig. 18: Gravimetric water content (GWC) of the treatments 
relative to the GWC of the control plots sampled on the same 
date. The light gray line displays the 1:1 line. 
4.3.3. Mineral Nitrogen Availability 
After organic fertilizer application, the fall 2014 soil extracts in the fertilized treatments contained 
twelve times the mineral N than the unfertilized treatments (Fig. 19b), equivalent to 22.8% of the N 
added as organic fertilizer. Mineral N availability remained elevated in the fertilized treatments with a 
425% increase (p<0.01) relative to the unfertilized treatments in the first winter IERs (Fig. 19c) and an 
81% increase (p=0.07) in the 2015 summer IER (Fig. 19a). After the first year, mineral N measurements 
showed no fertilization effect, whether measured by IER or soil extracts.  
IER tended to recover more mineral N as nitrate (NO3--N) than ammonium (NH4+-N) with a greater NO3--
N proportion in the winter months (70% NO3--N) than the summer months (50% NO3--N, p<0.01) and an 
increasing NO3--N proportion over time (p<0.01) from 49% NO3--N in 2015 to 72% NO3--N in 2015 (data 
not shown). Soil extracts contained much greater total mineral N than IER extracts (Fig. 19) and revealed 
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a greater contribution from NH4+-N at an average 32% NO3--N. Similar to IER, soil extracts also showed 
an increasing proportion of NO3--N over time (p<0.01) increasing from 16% NO3--N in 2014 to 44% NO3--
N in 2017 (data not shown). 
Among the fertilized treatments, the fertilized biochar treatment contained the highest mineral N 
content relative to the fertilizer only treatments in fall 2014 soil extracts (229%, p=0.03; Fig. 19e). Even 
after the initial mineral N pulse in year one, the fertilized biochar treatment continued to contain 30% 
more mineral N in soil extracts than the fertilizer only treatments (p=0.09, Fig. 19e). The fertilized mulch 
treatments had no effect on mineral N from soil extracts or IER relative to the fertilizer only treatments 
(Fig. 19).  There was no impact of biochar, mulch or their combination on mineral N from IER or soil 
extracts in unfertilized treatments relative to the control. 
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Fig. 19: Mean mineral N from soil extracts in the fall of each year (Fig. 19b, 19e) or ion exchange resin (IER) bags 
deployed in the winter (Fig. 19c, 19f) or summer (Fig. 19a, 19d) of each year for fertilized vs unfertilized 
amendments (Fig. 19a, 19b, 19c) or each of the fertilized treatments (Fig. 19d, 19e, 19f). Individual unfertilized 
treatments did not have a significant effect on mineral N availability relative to the unfertilized control. Error bars 
display one standard error, with significant effects denoted by + relative to the unamended plots and * relative to 
the fertilizer only treatment. 
4.3.4. Carbon and Nitrogen Mineralization Assays and Soil pH 
Several of the fertilized treatments in the fall of 2014 had negative potential N mineralization estimates 
due to the high initial mineral N content, which was likely lost over the 14-day aerobic incubation to 
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immobilization or N volatilization, yet soil respiration measurements indicated mineralization did occur. 
Removing these negative potential N mineralization estimates, the fertilizer amended plots showed 
increased potential N mineralization in 2014 (250%, p<0.01) and 2016 (67%, p=0.02), but did not 
significantly differ from the unamended plots in 2015 and 2017 (Fig. 20f). Similarly, fertilizer amended 
plots increased potential nitrification across years (p=0.06) with interactions by year. In 2014 fertilizers 
increased nitrification by 241% (p<0.01; Fig. 20g), but in later years shifted to having no effect to 
decreasing potential nitrification in 2017 (-57%, p=0.01). Fertilization did not impact soil respiration (Fig. 
6e) or pH (Fig. 20h).  
Mulch amendments increased soil respiration relative to un-mulched plots across years to an increasing 
degree, from 14.2% in 2014 to 57.9% in 2017 (p<0.01; Fig. 20i). While mulch tended to increase N 
cycling across years, such effect was not significant across years for potential N mineralization (Fig. 20j) 
or nitrification (Fig. 20k). Mulch decreased soil pH relative to un-mulched plots across years (p=0.01) and 
by 0.3 in 2017 (p=0.03; Fig. 20l). 
Despite the large C additions, biochar amendments did not impact soil respiration or potential N 
mineralization relative to unamended plots, but decreased potential nitrification by 44% (p=0.01; Fig 




Fig. 20: Result of annual 14-day aerobic mineralization assays including cumulative soil respiration (Fig. 20a, 20e, 
20i) potential N mineralization (Fig. 20b, 20f, 20j), potential nitrification (Fig. 20c, 20g, 20k) and pH (Fig. 20d, 20h, 
20l) for the three amendments across all years sampled. Amendments represent the mean value of the 3 
79 
 
treatments containing the amendment vs the respective 3 unamended treatments. Error bars display one standard 
error, with significant effects by + across all years and * for individual years. 
 
4.3.5. Soil Total Carbon and Nitrogen and Bulk Density 
Total C, including the mineral soil C, mulch C and biochar C, showed high variance due to site differences 
in coarse fragments and mineral soil C content. Recovery of coarse biochar and mulch particles was 
variable and comprised the majority of the total C within treatments. After three field seasons, 23.1±7.1 
Mg C ha-1 was recovered in coarse biochar particles, which was within the variability of the initial 
application rates. In mulched treatments, 5.6±1.1 Mg C ha-1 was recovered in coarse mulch particles 
indicating a loss of residual mulch C.  
Mineral soil C averaged 7.5±1.0 kg C ha-1 and 9.7±2.4 kg C ha-1 in the 0-15 cm and 15-30 cm control 
treatments, with low soil C concentration ranging from 0.24% to 0.93% C. Mineral soil C did not change 
over the three-year study. Relative to unamended treatments, mulch amendments increased soil C by 
3.6 kg C ha-1 (p=0.05; Fig. 21a) and 5.2 kg C ha-1 (p=0.02) for the 0-15 cm and 15-30 cm depths. In total 
this comprised 1% of the apparent loss in residual mulch C. Organic fertilizers and biochar amendments 
did not affect mineral soil C stocks at either depth. Total soil N did not change by depth, over time or by 
any of the amendments (Fig. 21b) or treatments (Fig. 21e). Over the three-year study, pit bulk density 
decreased from 1.61 to 1.14 g cm-3 in the 0-15 cm depth (p<0.01) but remained at 1.77 g cm-3 at the 15-
30 cm depth. At the 0-15 cm depth, pit bulk density decreased due to biochar (14%, p=0.05) and mulch 
(17%, p=0.01) amendments (Fig. 21c). Among the individual treatment relative to the control, the 




Fig. 21: Mineral soil C and N and bulk density measured at the 0-15 cm depth in the fall of 2017 for the 
amendments (Fig. 21a, 21b, 21c) and each of the individual treatments (Fig. 21d, 21e, 21f). Amendments represent 
the mean value of the 3 treatments containing the amendment vs the respective 3 unamended treatments. Error 
bars display one standard error, with significance effects denoted by + relative to the unamended plots and * 
relative to the control treatment. 
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4.3.6. Soil Factors and Processes Influencing Revegetation 
Indicators of soil microbial activity (soil respiration, potential N mineralization and potential 
nitrification), soil C and N content and soil mineral N availability emerged as the best predictors of 
revegetation. Using all data available, total plant cover was best explained by a linear model containing 
year (p<0.01), potential nitrification (p<0.01), treatment (p=0.01), and soil respiration (p=0.10; R2=0.51; 
Table 9). Summer IER mineral N was another important factor included in related models. In 2015 and 
2017 where soil C and N content measurements were available, these properties emerged as the best 
predictors of plant cover (R2=0.62, both p<0.01) along with treatment, IER mineral N sampled during the 
summer months and potential nitrification (all p<0.01).  
Table 9: Statistical table of revegetation model selection using additive multiple linear regression models of soil 
variables to predict the given revegetation metric. Soil carbon (C) and nitrogen (N) emerged as a strong predictor 
but data was only available for 2015 and 2017. Thus, sample size (n) of the data modeled is provided. Model 
degrees of freedom (df), coefficient of determination (R2), and Akaike information criterion (AIC) were used to 
assess model fit, where the best fit model (bold text) is represented by a ΔAIC score of zero. Predictor variables 
include year (Yr), treatment (Trt); soil respiration (CO2), potential nitrification (Nit), potential N mineralization 
(NMin), pH (pH) and soil mineral N extracted from soil (NEx) from aerobic mineralization assay conducted in the 
fall of each year; summer ion exchange resin mineral N extracts (S.IER); mean gravimetric water content (GWC) for 
each year; and soil carbon C and N content from the 0-15 cm mineral soil depth. 
Revegetation 
Metric 
Soil      
C & N 
n Model df R2 AIC ΔAIC 
Total Plant 
Cover 
Yes   
 S.IER + N + Nit + C + Trt 12 0.62 160.0 0 
52 Nit + N + C + Trt 11 0.60 160.3 0.36 
 C + Nit + N + S.IER 6 0.51 161.0 0.99 
No  
 Yr + Nit + Trt + CO2 12 0.51 258.8 0 
79 Yr + Nit + Trt + S.IER + CO2 13 0.52 259.1 0.32 





 N + NEx + NMin + Trt 11 0.65 82.3 0 
28 N + NEx + Nit + Trt 11 0.65 82.4 0.12 
 N + Nit + Trt + BD 11 0.65 82.6 0.34 
No 
 Nit + CO2 + Yr + Trt 11 0.58 147.8 0 
55 Nit + CO2 + Yr + Trt + GWC 12 0.59 148.0 0.18 





 pH 3 0.35 134.6 0 
27 pH + S.IER 4 0.38 135.5 0.85 




Total aboveground biomass was best predicted by potential nitrification (p<0.01), soil respiration 
(p<0.01), year (p=0.02) and treatment (p=0.06; R2=0.58; Table 9). When only looking at 2017 data where 
soil C and N content were available, N availability parameters including soil N content (p<0.01), mineral 
N extracted from soil (p=0.02), potential N mineralization (p=0.04) and treatment (p=0.12) best 
predicted aboveground biomass (R2=0.65; Table 9). Root biomass was best explained by soil pH (p<0.01, 
R2=0.35; Table 9), with IER mineral N sampled during the summer months and GWC also contributing in 
related models. Single factor regressions between the best soil predictors of total plant cover (Fig. A8) 
and total aboveground biomass (Fig. A9) are provided for reference.  
4.4. Discussion 
4.4.1. Soil Amendments’ Impact on Revegetation 
4.4.1.1. Organic Fertilizer 
The organic fertilizer used in this study increased total plant cover, comprised primarily of graminoids, 
the first year of the study. The same organic fertilizer, applied at a higher rate, increased total plant 
cover along roadways in Mesa Verde National Park, in southwestern Colorado throughout a four year 
study (Paschke et al., 2000). The predominant effect of the fertilization we measured on graminoids 
agreed with a recent meta-analysis showing N additions are positively correlated to grass biomass in 
grassland ecosystems with neutral or negative effects on forb biomass (You et al., 2017).  This may be 
due to grasses’ increased height and cover outcompeting forbs for light, or branched root architecture 
that can better access soil mineral N (You et al., 2017). In our study, increased graminoid cover in 
fertilized plots resulted in greater root biomass three years after treatment, a factor critical for reducing 
sediment movement from road surfaces (Brooks et al., 2011). Organic fertilizers can also improve soil 
nutrient cycling by increasing N mineralization over time, with different amendments ranging from rapid 
N mineralization (fertilizers) to induced N immobilization (mulches) (Lashermes et al., 2010). The organic 
fertilizer applied in our study mineralized rapidly as evidenced by a 250% increase in potential N 
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mineralization during laboratory mineralization assays from soils treated with organic fertilizers. Nearly 
a quarter of the N applied in the organic fertilizer was recovered within soil mineral N extracts within 
one month of application.  Incubations of other commercial organic fertilizers reveal similar results with 
the majority of N mineralization occurring within the first month of application (Baldi & Toselli, 2014). 
Such improvements in potential N mineralization and nitrification and the resulting impacts on soil 
mineral N availability were no longer evident in later years of this study, indicating that a one-time 
fertilization did not sustain microbially-mediated nutrient cycling within these treatments. While the 
organic fertilizer used in this study did not support sustained mineral N provisioning in soils through 
gradual N mineralization, it may allow for direct mobilization of the initial mineral N pulse into root 
biomass.  
4.4.1.2. Wood Strand Mulch 
Wood strand mulch increased graminoid cover the first year after application, but our results are not 
explained by mulch effects on soil moisture or mineral N availability. The effect of mulch application on 
plant recovery varies among studies based on mulch type, application rate and site conditions. For 
example, neither wood shred nor wood strand mulches (applied at ~50% cover) increased plant cover 
compared to untreated roads in the Northern Rockies (Foltz, 2012). On decommissioned roads near our 
study sites, the same wood strand mulch type (applied at a lower 6.2 Mg ha-1) and organic N fertilizer 
treatment (21 kg N ha-1) combination used in this study also increased basal plant cover (Sosa Pérez & 
MacDonald, 2017).  In contrast to most studies of organic mulches (Benigno et al., 2013; Goldin & 
Hutchinson, 2014; Rhoades et al., 2012 & 2015; Roberts, et al., 2005), we found no effect on soil 
moisture content beneath wood strand mulch, with some individual treatments showing a decrease in 
GWC relative to the control (Fig. 17). The effects of wood mulch on soil moisture increases with 
application rate and depth (Rhoades et al. 2012) and the 12.5 Mg ha-1 rate of this study is lower than 
most wood mulch studies.  Mulch effects on soil moisture have also been shown to vary with seasonal 
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soil moisture, with the greatest mulch effect under moderately moist conditions (Rhoades et al. 2012 & 
2017).  In this study, we found no evidence of increased soil moisture beneath mulch, even during 
relatively moist early-season conditions (Fig. 18).  However, wood strand mulch increased total plant 
cover and thus soil water demand relative to the unamended control. Overall, the low wood strand 
mulch application rate would limit the potential effects of mulch on evaporative losses while the 
increased density and plant water use would have depleted soil moisture, especially during the drier 
years of this study. These possible plant feedbacks impacting mulch’s ability to increase soil moisture 
contents, highlights the importance of considering aboveground-belowground linkages in restoration 
treatments (Kardol & Wardle, 2010). 
 
The low wood strand mulch application rate did not increase soil moisture when applied alone, but 
when combined with biochar’s capacity to retain soil moisture a synergistic effect led to the highest soil 
moisture contents (Fig. 17). Similar to the current study, application of mulch in combination with 
biochar is known to increase soil moisture content in degraded forest soils (Rhoades et al., 2017). 
However, on the severely-burned hillslopes of that study, both mulch added alone at 3-times the rate of 
the current study and biochar added at a comparable rate to this study increased soil moisture 
compared to untreated soils. Such differences in mulch treatment effects may relate to low water 
holding capacity of these coarse-textured soil and the extremely low soil organic matter of our 
decommissioned roads (0.6% C) compared to the burned forest soils (1.7% C) (Saxton & Rawls, 2006). 
With the addition of biochar, the poor water retention of the road soil improved allowing for a 
synergistic effect with mulch’s ability to decrease evaporative losses leading to improved soil moisture. 
Mulches can also regulate soil N availability in restoration treatments, providing long-term N supply 
through gradual N mineralization but also short-term immobilization of excess soil mineral N to 
discourage competition from invasive plants (Perry et al., 2010; Vasquez et al., 2008). In this short-term 
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study mulch had no significant impact on soil mineral N availability. Other studies have reported wood 
mulch increasing soil mineral N where it is used for erosion control on semi-arid lands (Bai et al., 2014), 
in poplar plantations (Fang et al., 2011) and in coniferous forest fuel reduction treatments (Rhoades et 
al., 2012). Changes in mulching effects on mineral N over time were observed in forest fuels reduction 
treatments where soil mineral N availability was not impacted initially, but increased after three years 
(Miller & Seastedt, 2009). In this study, the mineralization assays provided no clear trends of mulch 
immobilizing or supplying mineral N with variable potential N mineralization and nitrification results 
across years (Fig. 20). Over time, N mineralization of the mulch may supply some N to decommissioned 
road soils (Rhoades et al., 2012) but the limited amount of N supplied from mulch over time is not likely 
to provide a significant source of N to support early revegetation efforts (Laiho & Prescott, 2004). 
4.4.1.3. Biochar 
Despite indications of improved mineral N and water availability in biochar treatments, biochar did not 
improve revegetation efforts and in some years performed worse than the control (Fig. 16). This may 
indicate that mineral N retained on biochar particles was not readily accessible to plants and the 
increased water retention failed to alleviate plant water stress. Biochar’s porous structure with high 
surface area allows for increased water retention through both its internal macroporosity and alteration 
of pore structure between soil particles (Liu et al., 2017). This increased porosity not only resulted in 
biochar increasing GWC but was also apparent through the decrease in bulk density in the fertilized 
biochar treatments. However, there was evidence that N limitation had a stronger control on plant 
establishment than water limitation, as the mulched biochar treatment, which had the greatest 
improvements in water retention, experienced less revegetation than the fertilized treatment.  
The fertilized biochar treatment contained some of the highest mineral N availability as measured by 
both IER and soil extracts in the first year (Fig. 19), with this increased N availability sustained 
throughout the study for the soil extracts, although the magnitude of this effect was much smaller in 
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later years. Woody biochar’s high surface area with diverse functional groups increases the ion-
exchange capacity of soils allowing for improved N retention (Gai et al., 2014). Woody biochar 
amendments to boreal forest soils showed a similar effect increasing NH4+ availability in soil but with no 
significant impact on vegetation (Gundale et al., 2016). Despite indications of improved N availability, 
neither plant cover nor biomass was enhanced by biochar suggesting that either this mineral N is not 
readily available to plants or not sufficient to overcome N limitation and significantly improve 
revegetation efforts. 
4.4.2. Importance of Biological Soil Processes for Revegetation 
While the fertilized treatments only provided a short-lived provisioning of N to soils, biochar, mulch and 
the combination treatments showed potential to restore soil physical, chemical and biological processes 
to improve revegetation. Restoration treatments that integrate improvements in soil physical, chemical 
and biological properties provide the best opportunities to achieve sustained restoration of critical soil 
processes like nutrient cycling and C regulation (Heneghan et al., 2008). Such benefits were evident 
when considering mulch’s ability to enhance plant cover and biomass. In these low SOM soils, mulch 
provided a sustained source of labile C to support microbial community structure and function resulting 
in improved plant nutrient uptake (Bai et al., 2014; Huang et al., 2008). This was evident in the mulch 
treatments which significantly increased soil respiration relative to unmulched treatments each year 
(Fig. 20). Indicators of improved microbial activity, such as soil respiration, potential N mineralization 
and potential nitrification, were also consistently the best predictors of both plant cover and biomass 
(Table 9). When soil C and N content data were available, these factors also emerged as the best 
predictors of plant cover and biomass (Table 9), highlighting the importance of improving SOM content 
to continually supply nutrients to meet plant demand. In the restoration of semi-arid shrublands, 
improved SOM content was correlated with improved microbial activity and nutrient cycling, with 
different organic amendments influencing the microbial community composition (Bastida et al., 2015).  
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Biochar also improved soil mineral N availability over the study, but likely by retaining mineral N on 
biochar surfaces via physical entrapment or ion exchange processes as opposed to increasing microbial 
N cycling. Similarly, improving physical properties to increase soil water content only emerged as an 
important predictor of revegetation in some models (Table 9). The greater revegetation response in the 
mulch treatments which supported microbial activity compared to no revegetation effect in the biochar 
treatments which improved soil chemical and physical properties, highlights the importance of 
promoting soil microbial communities in the restoration of decommissioned forest roads. 
4.4.3. Soil Amendments’ Impact on Carbon Sequestration 
4.4.3.1. Wood Strand Mulch 
Wood strand mulch’s ability to promote microbial activity not only supported revegetation efforts, but 
also provided broader environmental benefits through soil C sequestration. Mulch increased both soil C 
content and soil respiration, and recovery of mulch particles was decreased relative to initial application 
rates, indicating decomposition of residual mulch particles. In these soils with low C content, microbial 
processing of mulch C not only stimulated microbial activity and N mineralization, but the microbial 
byproducts may also contribute to SOM formation. Such microbially-processed C can become adsorbed 
to the silt and clay particles to help alleviate the C saturation deficit, the proportion of soil C relative to 
the maximum absorption on silt and clay particles (Grandy & Neff, 2008; Hassink, 1997). However, these 
rocky, loam soils with 4-12% clay content would have limited capacity for such matrix stabilization and 
eventually would reach C saturation (Stewart et al., 2007). In this study the increased soil C was roughly 
1% of the apparent loss of residual mulch C. Therefore results indicate that mulch can stimulate 
microbial activity in these SOM depleted soils, but the total C sequestration potential will likely be 
limited by the capacity of the silt and clay fraction to retain such microbially-processed C (Six et al., 





Recovery of biochar particles was within the variation of the initial application rates and primarily 
consisted of the original coarse particle size fraction. Physical fragmentation of biochar can also be an 
important process that determines the longevity and effectiveness of biochar as a soil amendment 
(Spokas et al., 2014), but did not appear to be a significant factor in this system. The lack of a significant 
increase in the mineral soil C content and no effect on soil respiration indicates that in these forest soils 
biochar was neither highly fragmented nor contributed labile C to soils to prime C mineralization. This 
confirms biochar’s ability to contribute to long term soil C sequestration primarily through its inherent 
recalcitrance (Spokas, 2010; Wang et al, 2016), rather than actively contributing to SOM formation 
through the progressive decomposition of the organic matter and stabilization of the smaller 
biopolymers within aggregates or on mineral surfaces (Lehmann & Kleber, 2015). However, over time 
mineral stabilization of biochar C may play an important role, as pyrogenic C has been found to be 
mineral associated in soil historically amended with charcoal (Glaser et al., 2000) or in native grassland 
soil (Brodowski et al., 2006). In contrast to the mechanisms for soil C sequestration in the mulch 
treatments, biochar particles show evidence of biochemical protection allowing for long-term C 
accumulation above C saturation controlled by matrix stabilization (Lehmann et al., 2006; Lorenz & Lal, 
2014).  
4.4.4. Management Implications 
This short-term field study provides insights into the soil processes and properties affected by organic 
amendments that influence initial revegetation and C sequestration on decommissioned forest roads. 
Both organic fertilizer and wood strand mulch increased plant cover and root biomass, where the 
organic fertilizer increased soil N availability, and mulch increased soil C and microbial activity. 
Conversely, biochar had no effect on revegetation though it increased mineral N and soil moisture. 
When combined with organic fertilizer, the biochar treatment sustained higher mineral N availability 
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throughout the three-year study, though surprisingly it had no effect on plant cover. Both the wood 
strand mulch and biochar applications increased C, though biochar alone and in combinations showed 
the greatest potential for C sequestration. The wood strand mulch application was the only treatment 
that enhanced both revegetation and C sequestration objectives on these decommissioned roads. 
Across all amendments, we found that microbially-mediated soil processes (i.e., C and N mineralization) 
were good general predictors of road revegetation; this highlights the importance of soil ecological 
knowledge to optimize restoration activities (Heneghan et al. 2008).  Longer-term monitoring of these 
treatments and well-replicated evaluation of different application rates and combinations are needed to 
better understand the soil processes that regulate soil recovery and to optimize treatment design for 




5. ESTIMATING BIOCHAR’S CARBON SEQUESTRATION POTENTIAL AND ITS MAJOR 
CONTROLS 
5.1. Introduction 
With international commitments to climate change mitigation falling short of the targets necessary to 
stabilize our climate system (Rogelj et al., 2015), there is a clear need for the adoption of negative 
emission strategies (Fuss et al., 2014). The land use sector provides ample opportunities to sequester C 
while achieving other co-benefits, with international policies underway to implement practices for 
reforestation, avoided forest conversion and natural forest management (Griscom et al., 2017). While 
policies have advanced within the forestry sector, opportunities for soil C sequestration have faced 
greater barriers to implementation. The use of biochar soil amendment has great potential for soil C 
sequestration with conservative global estimates predicting biochar could deliver 1.0 to 1.8 Pg CO2-eq 
year-1 of GHG emission reductions (Paustian et al., 2016; Woolf et al., 2010). However, uncertainties 
around biochar’s long-term stability and effects on crops yield have prevented economic or policy 
incentives from supporting widespread adoption of such practices (Bach et al., 2016). Quantifying the 
uncertainties in biochar’s C sequestration potential over time can help build confidence for policymakers 
in advancing biochar as a strategy for climate change mitigation. 
Due to biochar’s unique C sequestration potential, with an initial C debit from pyrolysis, it is important 
to understand the full C sequestration profile over the lifetime of a biochar project. GHG emission 
reductions are typically evaluated based on 100-year time horizons, however some are calling for 
policymakers to evaluate both the short-term and long-term accounting of GHG emission reductions 
(Ocko et al., 2017). Standard C accounting practices assess the GHG mitigation potential of an 
intervention by comparing the predicted emissions or removals of applying that practice to those of a 
standard or theoretical baseline scenario (Whitman et al., 2014). Such emission reductions are typically 
converted to CO2 equivalent using 100-year global warming potentials for comparability. Ex-ante 
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predictions of biochar’s C sequestration potential thus require estimates for both the stability of 
pyrolyzed feedstocks over time under a biochar scenario and the decay profile for the same feedstocks if 
left to naturally decompose under a baseline scenario (Lehmann et al., 2006). Over time, biochar’s C 
sequestration potential can be estimated by considering the difference between this baseline scenario 
and the biochar scenario. With biomass losses from pyrolysis to the gaseous and liquid fraction on the 
order of 60 to 90% of the feedstock (Neves et al., 2011), the solid biochar remaining results in an initial C 
debit relative to the baseline. As the feedstocks in the baseline scenario decompose, biochar’s C 
sequestration potential will increase rapidly in the short term as the biochar C remains stable while the 
feedstock C mineralizes. In the medium- to long-term we expect biochar’s C sequestration profile to 
slowly decrease as the biochar is decomposed. In general, we expect that in the short- to medium-term 
biochar’s C sequestration profile is largely controlled by the feedstock decay rate and resulting soil 
organic matter stabilization in the baseline scenario, while the long-term dynamics are controlled by 
biochar stability in the biochar scenario.  
In the absence of pyrolysis many sustainably sourced biochar feedstocks, including woody debris, 
agricultural residues, or manure would be left to naturally decompose as litter. Feedstock or litter decay 
in the baseline scenario can vary on the order of years to decades (Laiho & Prescott, 2004; Zhang et al., 
2018). The decomposition rates, k, will vary depending on the litter quality, environmental conditions 
and soils where litter is deposited (Smith et al. 1979). Litter quality, largely defined by the chemical 
composition of the litter, can have a large control on decomposition based on the energetic and nutrient 
requirements by the microbes decomposing various plant components. The lignocellulose index, a ratio 
of the lignin content to the lignin + holocellulose has emerged as a strong predictor due to the 
exoenzymes necessary to breakdown lignin (Moorhead et al., 2013). Plant N content also plays a major 
role in litter decay, where with litter with low C:N are more readily consumed to meet microbial 
demands for N (Taylor et al., 1989). As these compounds are broken down by microbial communities, 
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litter chemistry impacts the microbial substrate use efficiency (i.e., the proportion of compounds 
assimilated versus mineralized) exerting an important control on the carbon remaining in microbial 
products, while the soil mineral matrix will also influence the ability of such products to be stabilized and 
persist within soils (Cotrufo et al., 2013). Emerging process-based models of litter decomposition 
dynamics can represent such mechanisms and improve predictions of the decay dynamics based on 
litter quality (Campbell et al., 2016). 
Only a small fraction of the original litter and its decomposition products will become stabilized in soil 
affecting the medium to long-term decomposition dynamics. Contemporary understanding of organic 
matter decomposition can be represented as a continuum of organic polymers progressively breaking 
down in smaller molecule weight structures to complete mineralization, with soil mineral surfaces and 
physical protection in aggregates offering protection from decomposition, thus decreasing turnover 
rates (Lehmann & Kleber, 2015). Much of the organic matter that persists in soils can be found in the 
fraction stabilized to mineral surfaces (Grandy & Neff, 2008). Over time soils reach an equilibrium level 
of soil organic C based on C inputs relative to C losses. Empirical models indicate that the equilibrium 
level of soil organic C becomes saturated with respect to C inputs (Stewart et al., 2007). Soil texture 
exerts an important control on soil C saturation with soils eventually losing capacity to retain more C as 
the silt and clay fraction becomes saturated with soil organic matter (Mayes et al., 2012; Six et al., 
2002). The C saturation deficit, or the current amount of C adhering to soil silt and clay fraction 
compared to the maximum capacity of that fraction, can serve as an important indicator of soil’s 
additional C sequestration capacity (Barré et al., 2017). Soil minerology can also control the ability to 
stabilize organic matter to mineral surfaces with increased retention of organic matter on 2:1 clays. The 
amphoteric nature of iron oxides can also lead to enhanced dissolved organic C retention based on soil 
pH (Jardine et al., 1989). Such dynamics for the stabilization of decomposition product are beginning to 
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be explicitly represented in process-based soil organic matter models (Campbell & Paustian, 2015; see 
also Abramoff et al., 2017; Ahrens et al., 2015; Malamoud et al., 2009; Robertson et al., in review). 
Under a biochar scenario, decomposition of biochar is much slower at the century timescales (Gurwick 
et al., 2013; Singh et al., 2012; Spokas, 2010; Wang et al., 2016). The condensed aromatic C structure of 
biochar is far more resistant to microbial decomposition than the unpyrolyzed feedstock (Wiedemeier et 
al., 2015). Biochar produced from biomass pyrolysis can generally be characterized by two pools; 1) a 
small labile component consisting of aliphatic structures that resisted transformation during pyrolysis 
and non-condensed aromatic compounds, and 2) a large recalcitrant component consisting of more 
highly condensed polycyclic aromatic C sheets (Bird et al., 2015; Lian & Xing, 2017). The pyrolysis 
temperature, heating time and feedstock quality will impact both the fraction that can be classified 
within the labile vs recalcitrant component, and the decomposition rates of those pools (Fang et al., 
2015; Singh et al., 2012; Spokas, 2010). 
The capacity of the soil to retain biochar may also play an important role in biochar stabilization, 
particularly at the centuries to millennial timescale. Biochar can be viewed as an artificially produced 
model compound for naturally occurring pyrogenic organic matter (Py-OM). By considering Py-OM 
dynamics within soils we can better understand and model biochar stability in soils. Studies find that in 
the short-term the majority of the Py-OM remains in the particulate fraction as pyrogenic particulate 
organic matter (Py-POM) (Singh et al., 2012; Soong & Cotrufo, 2015). However, in century-old wildfire 
soils and anthropogenic Terra Preta soils, much of the Py-OM is found within the mineral fraction as 
pyrogenic mineral-associated organic matter (Py-MAOM) (Brodowski et al., 2006; Glaser et al., 2001). 
Over time, as biochar fractionates and weathers in soils, its surfaces oxidize, increasing its polarity and 
thus solubility, allowing it to become incorporated into the pyrogenic dissolved organic matter (Py-
DOM) fraction of soils (Bostick et al., 2018; Mia et al., 2016). With increased oxidation, biochar’s 
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exchange capacity also improves, thus Py-DOM may more readily interact with mineral surfaces via 
adsorption or complexing with metals (Knicker, 2011; Mia et al., 2016). This may indicate a similar 
stabilization pathway for Py-DOM as plant-derived organic matter based on soil matrix stability, further 
lengthening biochar’s mean residence time in soils. However, this chemically distinct Py-DOM fraction 
with more oxidized functional groups and a less condensed aromatic structure may also make it more 
susceptible to mineralization (Bostick et al., 2018). Such dynamics highlight the importance of 
understanding the transformation of biochar through different functional Py-OM pools to represent 
differences in biochar decomposition rates and mobility over time (Spokas et al., 2014). 
Process-based soil biogeochemical models can be applied to represent these various controls on 
feedstock and biochar decomposition. To our knowledge, the only existing soil biogeochemical model 
exploring biochar dynamics in soil is the biochar model within the Agricultural Production Systems 
sIMulator (APSIM) software (Archontoulis et al., 2016). While the APSIM biochar model is parameterized 
to simulate biochar impacts on agricultural soils, here we developed a new mechanistic model to trace 
biochar decomposition as it moves through different functional Py-OM pools.  In this modeling 
framework we simulate feedstock decomposition and stabilization within soils in both the baseline (i.e., 
unpyrolyzed biomass) and biochar scenario to estimate the extent of biochar C sequestration over time. 
Using this model, we explore model sensitivities and uncertainty ranges and estimate biochar’s C 
sequestration potential for four scenarios: 
 Woody debris applied to forest soils,  
 Cereal crop residues applied to cropland soils,  
 Grass residues applied to grassland soils, and  
 Grass residues applied to reclaimed soils  
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Such analysis is intended to inform both policy and future biochar research on the current uncertainties 
in estimating biochar’s C sequestration potential. 
5.2. Materials and Methods 
To assess the C sequestration potential of various biochar feedstocks and applications, we created the 
Pyrogenic Organic Matter module of the Microbial Efficiency and Matrix Stabilization model (MEMS-
PyOM) to simulate biochar’s C sequestration potential over time. The MEMS-PyOM module is structured 
on the MEMS v1.0 model, a process-based model designed to simulate empirical C pools allowing for a 
mechanistic representation of soil C cycling (Robertson et al, in review).  
A key assumption of the approach we used to estimate the C sequestration potential of biochar soil 
amendments is that the biochar feedstock is sustainably sourced, and otherwise would have been left in 
a natural system to decompose. Lifecycle assessments of biochar GHG emissions have established that 
biochar feedstocks must not endanger food security or conservation efforts to ensure biochar 
production does not displace GHG emissions elsewhere (Woolf et al., 2010). We conservatively assume 
natural decomposition of the feedstocks and no additional methane or nitrous oxide emissions from 
alternative baseline scenarios involving waste management. The model also assumes pyrolysis facilities 
contain sufficient emission capture systems to ensure complete combustion or recovery of gaseous 
pyrolysis products to prevent detrimental environmental effects (Mezerette & Girard, 1991). 
5.2.1. Model Structure and Assumptions 
This model runs two simulations to estimate biochar’s C sequestration potential over time: (1) a baseline 
scenario simulating decay of the unpyrolyzed residue, and (2) a biochar scenario, simulating the fate of 
the same residue after pyrolysis. In the baseline scenario, after initializing soil C pools to site conditions, 
the decay of the organic matter feedstock is simulated using a single input added to the standard C 
pools and parameterization of the MEMS v1.0 model. A description of the MEMS v1.0 structure, 
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assumptions and parameterization can be found in Robertson et al. (in review) and the MEMS User 
manual.  In the biochar scenario, the feedstock is first pyrolyzed then the decay of the resulting biochar 
applied to soils is simulated using additional pools to represent the decay and stabilization of the 
biochar, hereafter named pyrogenic organic matter (Py-OM) for the sake of the model designed to 
simulate also natural Py-OM, within soil. Applying the MEMS v1.0 model architecture, we track C using 
pools for Py-POM, pyrogenic-dissolved organic matter Py-DOM and pyrogenic-mineral associated 
organic matter Py-MAOM. The general structure of the MEMS-PyOM module is represented in Fig. 22 
with the mathematical representation detailed in Table 10.  
 
Fig. 22: Microbial Efficiency and Matrix Stabilization Pyrogenic Organic Matter (MEMS-PyOM) module structure. 
 
For each simulation the parameter ρ is used to pass feedstock inputs to the two scenarios; the baseline 
scenario where the feedstock decays using the MEMS v1.0 model (ρ = 0), and the biochar scenario 
where the feedstock is first pyrolyzed then decays using the MEMS-PyOM module (ρ = 1). Parameter 
estimates for the biochar scenario of the MEMS-PyOM module are provided in Table 11. In the biochar 
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scenario, C losses from pyrolysis are accounted for using the ratio of biochar C to feedstock C (rPy), to 
determine the biochar C remaining after pyrolysis. The parameter estimate for rPy were based on the 
pyrolysis yield model of Neves et al. (2011), assuming a biochar C content of 0.88, feedstock C content of 
0.50 and pyrolysis temperatures of 550°C with a distribution ranging from 400°C to 1,000°C. When 
applied to soils, biochar C is portioned into a labile Py-OM (C2Py) and recalcitrant Py-POM (C3Py) pool 
using the recalcitrant fraction of biochar (f3Py). We applied a similar, yet simplified, model structure as 
the MEMS model, assuming that the decay of recalcitrant Py-OM results in the complete mineralization 
to pyrogenically-derived CO2 (C7Py) and does not generate Py-DOM (C8Py) through microbial processing. 
However, the biochar scenario does include an abiotic fractionation pathway to form Py-DOM based on 
the fragmentation rate of Py-POM to Py-DOM (l3Py), developed using data from Bostick et al. (2018). It is 
worth noting that in this model Py-DOM is considered as any fraction of PyOM transportable in water 
either dissolved or suspended. The MEMS-PyOM module applies a rate modifier to the decay of labile 
Py-OM (µk.Py) and estimates the Py-DOM generated from the decay of labile Py-OM (λPy) assuming the 
same parameter values as those from the decay of recalcitrant litter (e.g., lignin and lignin encrusted 
celluloses) used in the MEMS model (µk and λ3). 
Table 10: First order differential equations used to simulate dynamics of pyrogenic C pools, eq. 3-8. Additional 
equations for allocating pyrogenic carbon inputs (eq. 9-12) and relating pyrogenic parameters to those of the 
MEMS model (eq. 13-16). 
















= 𝐶𝐼𝑛.7𝑃𝑦 + (𝐶2𝑃𝑦 ∗ µ𝑘.𝑃𝑦 ∗ 𝑘2𝑃𝑦 ∗ (1 − 𝜆𝑃𝑦)) + (𝐶3𝑃𝑦 ∗ 𝑘3𝑃𝑦) +
                     (𝐶8𝑃𝑦 ∗ 𝑘8𝑃𝑦) + (𝐶9𝑃𝑦 ∗ 𝑘9𝑃𝑦) (5) 
98 
 
The MEMS-PyOM module uses the decay rates for labile C (k2Py) and recalcitrant C estimated by the 
most recent meta-analysis of biochar stability in soil, applying a double first-order exponential decay 
model (Wang et al., 2016). The decay rate of recalcitrant Py-OM is applied as the parameter value for 





= (𝐶2𝑃𝑦 ∗ µ𝑘.𝑃𝑦 ∗ 𝑘2𝑃𝑦 ∗ 𝜆𝑝𝑦) + (𝐶3𝑃𝑦 ∗ 𝑙3𝑃𝑦) −  (𝐶8𝑃𝑦 ∗ 𝑘8𝑃𝑦) −






















= (𝐶8𝑃𝑦 ∗ 𝑙8𝑃𝑦) (8) 
Initial conditions (In) for pyrogenic C pools are calculated as: 
 𝐶𝐼𝑛 = 𝐶𝐼𝑛.𝑃𝑦 ∗ (1 − 𝜌)  (9) 
 𝐶𝐼𝑛.2𝑃𝑦 = 𝐶𝐼𝑛.𝑃𝑦 ∗ 𝜌 ∗ 𝑟𝑃𝑦 ∗ (1 − 𝑓3𝑃𝑦) (10) 
 𝐶𝐼𝑛.3𝑃𝑦 = 𝐶𝐼𝑛.𝑃𝑦 ∗ 𝜌 ∗ 𝑟𝑃𝑦 ∗ 𝑓3𝑃𝑦 (11) 
 𝐶𝐼𝑛.7𝑃𝑦 = 𝐶𝐼𝑛.𝑃𝑦 ∗ 𝜌 ∗ (1 − 𝑟𝑃𝑦) (12) 
Other derived parameters include: 
 µ𝑘.𝑃𝑦 = µ𝑘 ∗ 𝑟µ𝑘.𝑃𝑦 (13) 
 𝜆𝑃𝑦 = 𝜆3 ∗ 𝑟𝜆.𝑃𝑦 (14) 
 𝐾𝑙𝑚.𝑃𝑦 = 𝐾𝑙𝑚 ∗ 𝑟𝐾𝑙𝑚.𝑃𝑦 (15) 
 𝑙8𝑃𝑦 = 𝐷𝑂𝐶𝑙𝑐ℎ ∗ 𝑟𝑙.𝑃𝑦 (16) 
* See the MEMS v1.0 model (Robertson et al., in review) for the derivation and parameter values of Qmax, µk, λ3, 
Klm and DOClch 
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sampling the potential distribution of Py-POM parameter values to assess model sensitivity, these decay 
rates are assigned different distributions, as described below. 
Table 11: MEMS-PyOM module parameter values and distributions. 
MEMS-PyOM Base Parameters 
Parameter Definition Unit Value (Range) Equation Source 




0.97                  
(0.88-0.99) 
 
10, 11 See Table 13 
k2Py Maximum decay rate of labile 
Py-OM (C2Py) 
day-1 9.26*10-3 day-1 
(3.29*10-3 - 1.52*10-2)  
3, 5, 6 (Wang et al., 
2016) 
k3Py Maximum decay rate of 
recalcitrant Py-OM (C3Py) 
day-1 4.93*10-6 day-1   
(4.53*10-6 - 7.56*10-6) 
4, 5 See Table 13 
k8Py Maximum decay rate of Py-
DOM (C9Py) 
day-1 4.93*10-6 day-1 
(4.53*10-6 - 9.87*10-6) 
5, 6 Same as k3Py but 
distribution is up 
to 50% faster 
k9Py Maximum decay rate of Py-
MAOM (C9Py) 
day-1 4.93*10-6 day-1 
(3.29*10-6 - 7.56*10-6) 
5, 7 Same as k3Py but 
distribution is up 
to 50% slower 
rµk.Py Ratio of the rate modifier labile 
Py-OM decay (µk.Py) to that of 
labile litter decay (µk) 
ratio 1  
(0.9-1.1) 
13 Assumes MEMS 
µk value derived 
from (Campbell 
et al., 2016) 
±10% 
rλ.Py Ratio of the DOM generated 
from labile Py-OM decay (λPy) to 
that of recalcitrant litter decay 
(λ3) 
ratio 1  
(0.9-1.1) 
14 Assumes MEMS 
λ3 value derived 
from (Campbell 
et al., 2016) 
±10% 
rKlm.Py Ratio of the binding affinity for 
Py-DOC sorption to mineral 
surfaces (Klm.Py) to the binding 
affinity for DOC sorption to 
mineral surfaces (Klm) 
ratio 1  
(0.9-1.1) 
15 Assumes MEMS 
Klm value derived 
from (Mayes et 
al., 2012) ±10% 
rl.Py Ratio of the maximum specific 
rate of Py-DOC leached (l8Py) to 
that of DOC leached (DOClch) 
ratio 0.106               
(0.099-0.113) 








MEMS-PyOM Scenario-Specific Variables 
Variable Definition Unit Value (Range) Equation Source 
CIn.Py C input of biochar feedstock g C m
-2 100 g m-2 8, 10, 11, 
12 
 




1 (pyrolysis scenario) 
0 (baseline scenario) 
9, 10, 11, 
12 
 
rPy Solid fraction of biochar 








(Neves et al., 
2011) 




0.0001 day-1       
(0-0.003) 
6, 8 (Bostick et al., 
2018) 
In the MEMS-PyOM module, Py-DOM (C8Py) is subject to mineralization to pyrogenically-derived CO2 
(C7Py), net sorption-desorption to mineral surfaces Py-MAOM (C9Py) or lost as leached Py-DOC (C11Py). The 
sorption dynamics for Py-DOC are modeled using the same approach as the MEMS model, applying a 
Langmuir sorption isotherm to estimate net sorption-desorption of organic matter to mineral surfaces 
(Abramoff et al. 2017; Mayes et al., 2012; Robertson et al., in review). The MEMS-PyOM module uses 
the Six et al. (2002) parameterization for determining the maximum sorption capacity of soil organic 
matter to soil mineral surfaces Qmax (Robertson et al., in review), which is controlled by the sand 
content. Due to lack of literature estimates, we assume the binding affinity of Py-DOC sorption to 
mineral surfaces (Klm.Py) is similar to that of DOC, which is modeled using soil pH as proxy for minerology 
(Mayes et al., 2012; Abramoff et al. 2017; Robertson et al., in review). The MEMS v1.0 model does not 
simulate water flow, thus the rate of Py-DOC leaching (l8Py) is estimated relative to the leaching of DOC 
applied in the MEMS model (Trumbore et al., 1992) and finding of Jaffé et al. (2013) that soluble 
charcoal accounts for 10% of the global riverine flux of DOC. 
5.2.2. Model Simulations 
Using the base parameterization in Table 11 and Table 12 we ran the MEMS PyOM-module to simulate a 
100-year time horizon. To estimate the C sequestration potential of a simulation the estimates of the C 
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in the feedstock and soil organic matter fractions of the baseline scenario (i.e., unpyrolyzed feedstock) 
were subtracted from the biochar and Py-OM fractions of the biochar scenario at each timestep. This 
value was then divided by the initial biochar C to express it on a percentage basis of C remaining to 
provide a metric independent of biochar rate. To compare across different potential feedstocks and 
uses, we developed the four different biochar scenarios listed above. Values controlling the feedstock 
decay in the baseline scenario and stabilization of both the feedstock and biochar within soils are 
provided in Table 12 with a detailed description of the datasets provided below. 
Table 12: Site-specific driving variables for the MEMS model with general values and distribution provided for the 
base run and distributions specific to the four biochar application scenarios simulated. See text for references for 
values and distributions.  
MEMS Application-Specific Variables 
Variable Definition Unit Base Run Forest Agriculture Grassland Reclaimed 
NPP 
Annual net primary 
production for the site 
g C     
m-2 yr-1 
525    
(411-639) 
577    
(437-717) 
533        
(433-633) 
241        
(216-266) 
25          (0-
50) 
fligi 
Fraction of inputs 
allocated to recalcitrant 







0.06              
(0.04-0.08) 
0.15              
(0.03-0.27) 
0.15              
(0.03-0.27) 
LitN 
N content of the 
feedstock inputs 
% N 
1.15         
(0.23-2.07) 
0.50     
(0.29-0.71) 
0.91         
(0.74-1.08) 
1.36       
(1.20-1.52) 
1.36       
(1.20-1.52) 
sand 





39        
(30.5-47.5) 
40           
(29-51) 
47         
(34-60) 
55          
(45-65) 
pH 
pH of the soil layer 
simulated 
pH 
6.2           
(5.2-7.2) 
5.5           
(4.9-6.1) 
6.5           
(6.0-7.0) 
6.9           
(6.0-7.8) 
6.9           
(6.0-7.8) 
5.2.3. Evaluating Model Sensitivities and Uncertainty 
Given concerns with the integrity of biochar C sequestration estimates, we assessed both model 
sensitivity and uncertainty. A one-at-a-time sensitivity analysis was applied using the base 
parameterization given in the Table 11 and Table 12. Sensitivity was assessed along the probable range 
of parameter values with the biochar C sequestration potential given for years 10 and 100. We 
performed an uncertainty analysis to assess how variability in the inputs is propagated through the 
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model to affect variability in the outputs (Smith & Smith, 2007). Within the given distribution, we used 
Latin hypercube sampling to obtain parameter estimates for 100 simulation runs, then determined the 
95% confidence interval on the estimates for biochar’s 100-year C sequestration potential.  Model 
simulations and statistical analyses were performed in R version 3.3.1 (R Core Team, 2016). Descriptions 
for how the parameter and variable distributions were derived are provided below.  
5.2.3.1. Baseline Scenario – Feedstock Decomposition and Stabilization in Soil 
To explore the sensitivity of biochar applications to different litter chemistry and soil types, distributions 
for parameters and variables controlling the feedstock decay in the baseline scenario and stabilization of 
both the feedstock and biochar within soils (Table 12) were obtained from the literature. Net primary 
productivity (NPP) and soil variables in forests and grasslands were derived from the Ecosystem Model-
Data Intercomparison, Class A dataset (Olson et al., 2013), while cropland values were derived from 
United States Department of Agriculture, National Agricultural Statistic Service data for the Central US 
(Prince et al., 2013). Values for litter chemistry were assessed using the TRY Plant Trait Database (Kattge 
& Boenisch, 2018). The values and ranges for the reclaimed land scenario were derived assuming similar 
conditions as for grassland but with higher sand content in soil, due to erosion, and minimal net primary 
productivity.  
5.2.3.2. Biochar Scenario – Biochar Decomposition 
To explore model sensitivity to biochar decomposition parameters, we … For all scenarios we assumed a 
feedstock input of 100 g C m-2 (CIn.Py), a 18.7% biochar C yield from pyrolysis (rPy) and a 1x10-4 
fragmentation rate for Py-POM to Py-DOM. We estimated biochar decomposition using the two-pool 
exponential decay models of Fang et al. (2015), Singh et al. (2012) and Wang et al. (2016) to develop 
probable ranges for k2Py and k3Py across biochar types. Eq. 17 represents a two-pool exponential decay 
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model applying parameter notation from the MEMS-PyOM module. This can be rearranged to solve for 
the C remaining at time t, or for the case of this analysis, after 100 years (CR100; eq. 18). 
𝐶𝑡 = 𝐶0(𝑓3𝑃𝑦𝑒






−100𝑘3𝑃𝑦 + (1 − 𝑓3𝑃𝑦)𝑒

















Rearranging eq. 18 we calculated equivalent parameter values for f3Py (eq. 19) and k3Py (eq. 20) using the 
CR100 estimates from the study’s original parameterization and fixing the other parameter values to 
those from the Wang et al. (2016) meta-analysis (Table 13). We used these values to set the distribution 
for biochar decay rates. The value for k2Py was sampled from a normal distribution based on Wang et al. 
(2016) uncertainty values, as k2Py values from this study were equivalent to that of labile litter used in 
the MEMS model. 
Table 6: Derivation of the Py-OM decay parameters. 
MEMS-PyOM Decay Parameters 





Wang et al., 2016 9.26*10
-3 day-1      
(108 day MRT) 
0.97 
4.93*10-6 day-1 
(555 yr MRT) 
81.0% - - 
Fang et al., 2015 2.86*10
-2 day-1           
(35 day MRT) 
0.996 
5.25*10-6 day-1  
(521 yr MRT) 
82.2% 0.984 
4.53*10-6 day-1 
(605 yr MRT) 
Singh et al., 2012 9.15*10
-4 day-1     
(1,093 day MRT) 
0.83 
3.29*10-6 day-1  
(833 yr MRT) 
73.6% 0.88 
7.56*10-6 day-1  
(362 yr MRT) 
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5.2.3.3. Biochar Scenario – Biochar Stabilization in Soils 
Because of the lack of parameter estimates from the literature, the estimates for the decay of Py-DOM 
(k8Py) and Py-MAOM (k9Py) were set to the same value as that of Py-POM (k3Py). Py-DOM may experience 
faster decay relative to Py-POM due to increased fragmentation and oxidation of surface functional 
group. We tested the sensitivity by simulating 3 distributions for decay rate for Py-DOM (k8Py): 1) 
applying the same uniform distribution as k3Py (no oxidation effect), 2) a normal distribution centered on 
upper range for k3Py (minor oxidation effect), and 3) a uniform distribution from the base k3Py value to a 
50% increase in the decay rate (strong oxidative effect). Py-MAOM may experience slower decay 
relative to Py-POM due to increased physical protection (Knicker et al., 2011). Potential stabilization of 
Py-OM to mineral surfaces was assessed on the decay rate of Py-MAOM (k9Py) by: 1) applying the same 
uniform distribution as k3Py (no stabilization), 2) a normal distribution centered on lower bound (minor 
stabilization effect), and 3) a uniform distribution from the base k3Py value to a 50% decrease in the 
decay rate (strong stabilization effect). 
5.3. Results 
Model results using the base parameterization reveal that after 100 years 59% (51%, 66%) of the biochar 
C added will be sequestered in soils relative to the baseline scenario (Fig. 23). In the short-term, as litter 
decays in the baseline scenario, biochar’s C sequestration profile quickly rises reaching upwards of 73% 
after 40 years. The model estimates that biochar takes 5.5 years (2, 13.5) to pay off the carbon debit 
from pyrolysis. The model also estimates that by 100 years 19.6% (13.8%, 28.2%) of the original biochar 
C is lost through leaching of Py-DOM. This leaching of Py-DOM is not included in the soil C sequestration 
estimates, but assuming a similar decay rate for Py-DOM total C sequestration potential could reach up 
to 79% (72%, 84%) (Fig. A10).  
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Fig. 23: 100-year MEMS-PyOM model run for the base scenario displaying the carbon remaining in soils for the 
biochar and baseline simulations in the base scenario (left panel) and resulting biochar C sequestration potential 
(biochar scenario – baseline scenario; right panel) over time. Shaded area displays the 95% confidence interval. 
The 100-year C sequestration potential in the four different biochar application scenarios resulted in 
similar values ranging from 51.5% in the reclaimed scenario up to 63.5% for forest applications (Fig. 24). 
In the forest application biochar did not repay the initial pyrolysis debit until 7.2 years, however in other 
scenarios this happened much more quickly from 3.6 to 3.9 years (data not shown). 
 




5.3.1. Baseline Scenario – Sensitivity to Feedstock Decomposition and Stabilization in Soil 
Feedstock variables had minimal effects on biochar’s 100-year C sequestration potential (Fig. 25). 
Biochar feedstocks with low N content resulted in slower decomposition in the baseline scenario, 
delaying biochar’s C sequestration benefits, but had little effect on biochar’s long-term C sequestration. 
Soil variables primarily affected both feedstock and biochar stabilization to soil minerals with impacts on 
biochar’s 100-year C sequestration potential. The amount of C previously stabilized to mineral surfaces 
upon biochar application, the C saturation deficit, had minimal effect on biochar’s long-term C 
sequestration potential. Finer soils within increased capacity for retaining C led to increased stabilization 
of both MAOM and Py-MAOM. This increased biochar’s C sequestration potential due to the longer 
residence times of Py-MAOM. Soil pH, a proxy for soil mineralogy which affects the binding affinity of 
organic matter, experienced the greatest C sequestration potential at lower values, reflecting increased 




Fig. 25: Sensitivity of MEMS-PyOM module estimates for biochar’s 10- (light blue) and 100- (dark blue) year C 
sequestration potential (expressed as a percentage of the biochar applied) to litter chemistry and soil variables. 
Variables included are the net primary productivity (NPP) for the site, feedstock N content, feedstock lignin 
content, soil texture, C saturation deficit (expressed a the percentage of the initial mineral associated organic 
matter pool from the equilibrium sorption capacity) and soil pH. Dashed red lines display the fixed values when 
assessing sensitivity of other variable, while the shaded area displays the sampling distribution for model runs 
derived from literature values. 
5.3.2. Biochar Scenario – Sensitivity to Biochar Decay 
The pyrolysis yield (rPy), recalcitrant fraction of Py-OM (f3Py), Py-POM decay rate (k3Py) and Py-MAOM 
decay rate (k9Py) had the greatest controls over biochar’s C sequestration potential. The pyrolysis yield 
had very little impact on the 100-year sequestration potential but significantly impacted the time it 
takes for the biochar scenario to start sequestering carbon relative to the baseline (Fig. 26). Biochar 





Fig. 9: Sensitivity of the MEMS-PyOM module estimates for biochar’s 10- (light blue) and 100- (dark blue) year C 
sequestration potential (expressed as a percentage of the biochar applied) to biochar decay parameters. 
Parameters include the decay rates for the labile pyrogenic organic matter (Py-OM) pyrogenic-particulate organic 
matter (Py-POM), pyrogenic dissolved organic matter (Py-DOM) and pyrogenic-mineral associated organic matter 
(Py-MAOM) fractions, the biochar yield from pyrolysis (rPy) and the recalcitrant fraction of Py-OM (f3Py). For the 
decay parameters the x axis represents the mean residence time (MRT) or 1 / k. Dashed red lines display the fixed 
values when assessing sensitivity of other variable, while the shaded area displays the sampling distribution for 
model runs derived from literature values. 
The fraction of biochar going into the recalcitrant fraction has the greatest influence on biochar’s 100-
year C sequestration potential (Fig. 26). However, within the distribution sampled for this analysis (Table 
11), the 100-year C sequestration potential never dropped below 59% of the biochar C applied. The 
decay rates for Py-POM and Py-MAOM also have an important control on biochar’s C sequestration 
potential but to a lesser extent. Even when considering mean residence time of less than 250 years, the 
model still estimates that >50% of the C will remain sequestered after 100 years (Fig. 26). If using a 
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parameter estimate with longer Py-POM and Py-MAOM mean residence times the model estimates that 
up to 66% and 69% of the original biochar C applied will remain sequestered in soils. 
5.3.3. Biochar Scenario – Biochar Stabilization in Soils 
In the biochar scenario 98.5% of all biochar inputs remaining in soil after 100 years are within the Py-
MAOM fraction. Assuming no stabilization of Py-MAOM or increase in Py-DOM mineralization, these 
fractions follow the same dynamics as Py-POM. When assuming only a minor stabilization and oxidation 
effect as in the base scenario, biochar’s 100-year C sequestration potential increases slightly. This 
increase is largely because Py-DOM decay has very little control on biochar’s 100-year C sequestration 
potential relative to Py-MAOM decay (Fig. 26). Assuming a strong stabilization and oxidation effect (up 
to a 50% that of Py-POM), biochar’s median 100-year C sequestration potential increases by 6%.  
5.4. Discussion 
Model simulations show that despite variability in parameter estimates, uncertainties in biochar’s 100-
year C sequestration potential can be quantified and biochar does deliver GHG benefits even when 
considering shorter mean residence times. Litter chemistry, as it affects decay in the baseline scenario, 
did not impact the 100-year carbon sequestration potential but can extend the time it takes biochar to 
repay its C debt from pyrolysis. This resulted in the woody debris biochar scenario having the longest C 
debt due to the lower N content of woody feedstocks. The soil capacity to retain organic matter, as 
represented in the model by soil texture and pH, impacts the long-term stability of both SOM and PyOM 
alike (Knicker, 2011). This explains why the reclaimed and grassland biochar scenarios with coarser 
texture and high pH resulted in the lowest C sequestration potential at 100 years, due to their low 
capacity to retain OM. Modeling such mechanisms can be important to understand risks when 
quantifying biochar C sequestration potential for GHG mitigation programs. However, the similar ranges 
of C sequestration potentials between biochar applications despite the various distributions for litter 
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quality and soil variables emphasizes the relatively limited controls that the baseline scenario has on 
biochar’s 100-year C sequestration potential. 
The greatest control on the MEMS PyOM model is the fraction of biochar that is recalcitrant versus 
labile. Two-pool models for biochar decay have a clear advantage over single-pool models as they can 
more accurately represent empirical biochar pools: resistant unpyrolysed aliphatic compounds versus 
highly condensed aromatic C sheets (Bird et al., 2015). Linking a mathematical two-pool model to 
functional biochar pools as opposed to kinetic pools, allows for a more realistic modeling approach 
(Elliott et al., 1996). The applicability of a two-pool decay model has also been demonstrated by the 
decreasing decay rates over time in longer-term biochar stability studies (Kuzyakov et al., 2014).  
Isolating functionally distinct labile and recalcitrant biochar pools and Py-OM pools within soils can also 
pose significantly challenges. Measurement proxies such as the O:C ratio, oxidation techniques, and the 
% fixed C from a proximate analysis can help assess biochar stability (Crombie et al., 2013; Spokas, 
2010). Given the limited number of studies applying isotope labeling techniques to trace biochar in soil 
distinguishing different decay rates for groups or developing regressions to predict decay rates often 
results in insignificant or variable effects (Singh et al., 2012; Wang et al., 2016). General woody biochars 
tend to have slower decay rates along with biochars produced at high pyrolysis temperatures and 
applied to finer soils (Wang et al., 2016). Refining methods to identify measurement proxies that can 
accurately represent functional biochar pools and identify trends between biochar types can 
significantly improve such modeling efforts. 
This mechanistic model simulation of functional Py-OM pools also highlighted the important role of Py-
DOM leaching and stabilization as Py-MAOM. There is much evidence for the delivery of land-derived 
Py-DOM to waterways (Jaffé et al., 2013), yet Py-DOM losses are often overlooked when estimating 
biochar decay (Spokas et al., 2014). While leached Py-DOM concentrations were not included in the 
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estimates for soil C sequestration, it is likely that such C will also have longer mean residence times 
depending on the deposition environment. When we added the concentration of leached Py-DOM to 
estimates of biochar’s soil C sequestration, it reached 79%, within the typical ranges assumed in the 
literature (Paustian et al., 2016; Woolf et al., 2010). Retention of oxidized Py-OM within the soil mineral 
fraction has strong empirical support from Py-OM soil fractionation studies (Brodowski et al., 2006; 
Qayyum et al, 2014; Glaser et al., 2000; Herath et al., 2014; Singh & Cowie, 2014), and a global Py-OM 
inventory indicates that the greatest concentrations of Py-OM are found in high clay content soils 
(Reisser et al., 2016). Additional research is necessary to better understand these dynamics driving the 
stabilization of Py-OM to mineral surfaces, as results from this study indicate potential biochar 
fragmentation and leaching can significantly affect biochar sequestration potential. Additional 
improvements to the MEMS-PyOM module include simulation of water flow dynamics to better predict 
Py-DOM leaching and further exploration of the interactions between Py-OM and native SOM.  
5.5. Conclusions 
This study reveals that even when considering some of the faster biochar decay rates reflected in the 
literature, greater than 50% of the biochar C applied is likely to be sequestered in soils after 100 years. 
While economic obstacles must still be overcome, uncertainties in biochar C sequestration potential can 
be quantified and should not be viewed as a barrier to including incentives for biochar amendments into 
climate change mitigation programs.  The MEMS-PyOM module can serve as a basis for determining the 
permanence of biochar C in GHG mitigation programs, and help direct future research to further 






There have been many claims regarding biochar’s ability to enhance productivity and reduce GHG 
impacts. These studies revealed that biochar had mixed results in achieving such benefits. Biochar’s 
ability to increase soil moisture was evident in both field studies (Ramlow et al., in review; Ramlow et al., 
in press). Despite increased soil moisture in the deficit irrigation field trials and forest road restoration 
study, neither application resulted in increased productivity from application of this woody biochar. 
Biochar improved water retention but this increased capacity had limited effects when precipitation or 
irrigation inputs were low. During these dry periods water content still dropped below critical thresholds 
resulting in plant water stress. In irrigated systems such effects may be mitigated by scheduling the 
irrigation water application with shorter time intervals to account for biochar’s increased water holding 
capacity. However, in natural systems that experience longer periods without precipitation, biochar’s 
increased capacity for water retention is likely to have little effect in alleviating plant water stress. 
The woody biochar we used in our studies showed minimal capacity to impact bulk soil mineral N 
availability, particularly to an extent that would benefit plant growth. Lab incubations demonstrated 
that biochar did not significantly alter mineral N concentration even as they were transformed via 
microbial processing. Individual biochar particles also did not show evidence of preferentially retaining 
NH4+ or NO3-. Biochar did increase the soil’s ability to retain mineral N over time, but the magnitude of 
the increase was small and did not result in increased plant biomass or cover. In laboratory incubations, 
the lack of a biochar impact on mineral N availability, despite significant N2O emission reductions in the 
fertilized incubations, indicated that biochar impacts on N substrate availability could not explain 
biochar’s impact on N2O. 
Biochar’s ability to reduce N2O was significantly impacted by soil moisture regime. In the laboratory 
incubation, I found that under moderately anaerobic conditions (roughly 80% WFPS) biochar ability to 
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reduce N2O emissions was significantly improved. This may be due to increased aeration partially 
inhibiting denitrification. The incubation also revealed that in fertilized treatments biochar could achieve 
annual N2O emissions reductions that are equivalent to its C sequestration benefit annualized over 100 
years. Under field conditions biochar didn’t significantly reduce N2O emissions, however in this semi-arid 
climate total emissions were lower than global estimates. 
To assess biochar’s potential C sequestration benefits we developed the MEMS-PyOM module to 
simulate biochar decay against decay of the biochar feedstock. This model estimated that after 100 
years 59% of the initial biochar added will remain, with up to 79% if including leached biochar 
fragments. Biochar’s 100-year C sequestration potential was most sensitive to biochar decay parameters 
with some additional controls based on the soil’s ability to stabilize organic matter. The simulations also 
highlighted the importance of potential biochar fragmentation and leaching over time. Of the 
applications considered, this research illustrated that within the US Interior West woody biochar is best 
suited for sequestering C in soils. This underscores the importance of assessing biochar’s purported 
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Appendix 1. Chapter 2 Supplementary Information 
Table A1: Mean value (avg) and standard error (SE) of soil properties for each treatment sampled at the end of the 
60-day incubation, including soil organic carbon (SOC), total nitrogen (TN), and soil pH.  
Soil Fertilizer Amendment 
SOC (%C) TN (%N) pH (pH) 
avg SE avg SE avg SE 
CO Unfertilized Control 0.79% 0.01% 0.13% 0.00% 8.36 0.08 
CO Unfertilized Biochar  2.61% 0.17% 0.13% 0.00% 8.53 0.10 
CO Fertilized Control 0.79% 0.01% 0.14% 0.00% 8.09 0.02 
CO Fertilized Biochar  2.45% 0.16% 0.15% 0.00% 8.14 0.03 
ID Unfertilized Control 5.13% 0.06% 0.50% 0.01% 5.21 0.02 
ID Unfertilized Biochar  7.70% 0.21% 0.49% 0.01% 5.29 0.02 
ID Fertilized Control 4.95% 0.16% 0.50% 0.02% 4.66 0.01 
ID Fertilized Biochar  7.42% 0.66% 0.49% 0.01% 4.75 0.01 
ND Unfertilized Control 2.30% 0.01% 0.24% 0.00% 7.16 0.08 
ND Unfertilized Biochar  5.46% 0.77% 0.25% 0.00% 7.36 0.02 
ND Fertilized Control 2.40% 0.08% 0.26% 0.00% 6.69 0.02 
ND Fertilized Biochar  5.08% 0.29% 0.27% 0.01% 6.73 0.04 
TX Unfertilized Control 0.87% 0.00% 0.11% 0.00% 7.99 0.05 
TX Unfertilized Biochar  3.00% 0.16% 0.11% 0.00% 8.11 0.03 
TX Fertilized Control 0.88% 0.00% 0.12% 0.00% 7.60 0.04 









Fig. A1: Biochar isolate mineral nitrogen (N) from the biochar soils separated by mineral N type (ammonium 
(NH4+), Fig. A1a; nitrate (NO3-), Fig. A1b) across the four soil moisture regimes (dry (D), aerobic (A), moderately 
anaerobic (MAn), anaerobic (AN); see text for details) measured at the end of the 28-day, fertilized, CO soil 
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Fig. A2: Calibration of gravimetric water content measured from soil samples against 




Fig. A3: Water-filled pore space dynamics throughout the 2016 growing season in the biochar (closed circles) and 
control (open squares) treatments, across the three irrigation regimes (Full, Limited and Drought). Bars above the 
plots represent the period of weekly irrigation water application with darker shading representing conventional 





Fig. A4: Average carbon dioxide fluxes from sampled using automated 
chambers and cavity ring down spectroscopy in one plot per 
treatments throughout the 2016 growing season in the biochar and 





Fig. A5: Nitrous oxide fluxes sampled using automated chambers and cavity ring down spectroscopy in one plot per 
treatments throughout the 2016 growing season in the biochar (solid line) and control (dotted line) treatments, 
across the three irrigation regimes (Full, Limited and Drought). Arrows indicate fertilizer application, while bars 
above the plots represent the period of weekly irrigation water application with darker shading representing 




Fig. A6: Yield-scaled cumulative nitrous oxide emissions 
interpolated over the growing season using static chamber data in 
the biochar (black) and control (light grey) treatments, across the 
three irrigation regimes (Full, Limited and Drought). Data are 
presented as means ± 1 SE (n=4). 
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Fig. A7: Mean plant cover and aboveground biomass for each of the treatments by year for each plant functional 
group (graminoids, forbs, and shrubs). Error bars display one standard error, with significance effects across the 






Fig. A8: Total plant cover responses to the best soil predictors of revegetation used in the multiple linear 
regression models. Predictors include soil respiration and potential nitrification from aerobic mineralization assay 
conducted in the fall of each year; ion exchange resin (IER) mineral N deployed in the field from May to Oct each 
year; mean gravimetric water content for each year; and soil C and N content from the 0-15 cm mineral soil depth 





Fig. A9: Total plant aboveground biomass responses to the best soil predictors of revegetation used in the multiple 
linear regression models. Predictors include soil respiration, potential nitrification and potential N mineralization 
from aerobic mineralization assay conducted in the fall of each year; soil N content from the 0-15 cm mineral soil 
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Fig. A10: 100-year MEMS-PyOM model run displaying the carbon remaining in soils for the biochar simulation 
including Py-DOM, biochar simulation not including Py-DOM and baseline simulation (left panel) and resulting 
biochar C sequestration potential including Py-DOM vs not including Py-DOM (biochar scenario – baseline 
scenario; right panel) over time. Shaded area displays the 95% confidence interval. 
 
